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ABSTRACT 
Understanding the direction and impact of nutrient fluxes across ecosystem boundaries is 
fundamental to ecology. Nitrogen (N)-fixation by alder (Alnus spp.) and Pacific salmon 
(Oncorhynchus spp.) provide key nutrient subsidies to freshwater systems. Southwestern (SW) 
Alaska supports some of the greatest salmon runs in the world. Alder is also a prevalent 
constituent of the regional vegetation. The importance of alder-derived nutrients (ADN) in the 
tundra is expected to increase as alder cover expands under climate warming, and as salmon 
harvesting reduces marine-derived nutrients (MDN) in salmon-spawning habitats. I evaluated the 
drivers and impacts of alder- and salmon-derived nutrients on aquatic systems by analyzing 
stream and lake water chemistry from a suite of 26 streams and 13 lakes, over a four-year period 
in SW Alaska. Additional water samples from all the study lakes were collected for analyses of 
microbial community structure and function. I statistically modeled relationships among aquatic 
nutrient concentrations, alder and salmon abundance, physiographic features within each 
watershed, and meteorological conditions to determine the ultimate controls on aquatic nutrient 
dynamics in this region. To assess the relative impacts of alder and salmon on aquatic microbial 
communities, I compared shifts in bacterial community composition and microbial function with 
catchment physical features and lake-water chemistry. I also measured microbial metabolic 
responses to N, P, and N+P enrichment to assess variation in nutrient limitation. 
My results reveal that watershed elevation is a key factor controlling the quantities of 
alder-derived N in streams. Elevation was inversely related to alder cover and N yield (ρ = -0.8 
and -0.73 respectively, P < 0.05 for both). Alder cover had the largest influence on stream N (β 
estimate = 0.56, P < 0.05). In streams, higher P was associated with lower temperatures, possibly 
reflecting reduced P demand under low rates of metabolic activity. Stream N:P declined with 
elevation, suggesting that increased alder cover exacerbates aquatic P-limitation. 
In lakes, alder and salmon drive different nutrient cycles. Alder was the main driver of N 
(β estimate = 0.58, P < 0.05) in the spring, while relative catchment area and salmon drove P in 
the summer (β estimates = 0.42 and 0.32, respectively, P < 0.05 for both). However, elevation 
was inversely related to alder cover and lake N (ρ = -0.81 and -0.77 respectively, P < 0.05 for 
both). Also, accounting for relative catchment area weakened the relationship between salmon 
density and lake P (parameter estimate = 0.45, P = 0.08). Together, these results indicate that 
watershed physiography dictates lake nutrient dynamics in this region. 
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Salmon had greater impacts on aquatic microbial community structure and function than 
alder. Seasonal shifts in bacterial community composition (F = 7.47, P < 0.01) were related to 
changes in lake N and phosphorus (P) concentrations (r2 = 0.19 and 0.16, both P < 0.05), and 
putrescine degradation (r2 = 0.13, P = 0.06), indicating the influx of, and microbial utilization of 
MDN. In contrast, alder cover was not related to microbial function, likely because alder-derived 
N provided less resource diversity than MDN. In response to nutrient additions, higher metabolic 
activity occurred among microbial communities from lakes with elevated Chl a concentrations (β 
estimates for +N, +P and +NP treatments = 0.78, 0.92, and 0.81, respectively, all P < 0.07) and 
larger relative catchment areas (β estimates for +N, +P and +NP treatments = 0.57, 0.54, and 
0.53 respectively, all P < 0.05) in the spring. Thus, I infer that declining salmon abundance is 
likely to affect aquatic microbial community structure and function, but that watershed and lake 
features will potentially mediate these responses to nutrient loading. 
Overall, my research shows that aquatic nutrient regimes are ultimately driven by 
physiographic features that modulate the impacts of alder and salmon in freshwater systems. 
These results demonstrate that alder cannot buffer aquatic ecosystems from declining salmon, 
and that the watershed characteristics may have a greater influence on aquatic productivity than 
commonly assumed. Results from my microbial analyses also indicate that certain watershed 
features can make the metabolic response of lakes more vulnerable to increased allochthonous 
loading. Thus, it is likely watershed features will constrain aquatic system responses to future 
environmental change. 
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CHAPTER 1: INTRODUCTION 
Resource subsidies that cross ecosystem boundaries often exert critical influences on 
recipient communities. Thus, understanding the drivers and impacts of cross-system nutrient 
subsidies is fundamental to ecosystem ecology (Nakano and Murakami 2001, Richardson and 
Sato 2015). Nutrients released by nitrogen (N)-fixing plants, such as alder (Alnus spp.) represent 
one such nutrient flux that has dramatic impacts on ecosystem structure and function (Compton 
et al. 2003). Alder roots are nodulated by the N-fixing actinomycete Frankia. N compounds 
derived from alder detrital matter provide nutrients to adjacent aquatic and terrestrial habitats. In 
the paleorecord, expansion of alder on the landscape in southwestern (SW) Alaska ~ 8000 years 
ago coincided with large-scale shifts in aquatic primary production and N cycling (Hu et al. 
2001). On the modern landscape, Goldman (1961) was the first to associate elevated dissolved N 
and Chl a concentrations with alder stands at Castle Lake, California. Similar impacts of alder on 
stream N concentrations have been documented in coastal Oregon and Alaska (Compton et al. 
2003, Shaftel et al. 2012). 
Pacific salmon (Oncorhynchus spp.) represent another classic example of a cross-system 
nutrient subsidy. Salmon accrue over 95% of their biomass in the ocean, thereby providing 
substantial quantities of marine-derived nutrients (MDN) when they return to their natal 
freshwater habitats to spawn (Gresh et al. 2000, Schindler et al. 2003). Through waste excretion, 
carcass decomposition, and egg release, these spawning events can deliver an estimated 5-95% 
of annual total N and phosphorus (P) loading to salmon-bearing watersheds (Gresh et al. 2000). 
Furthermore, these MDN can sustain future salmon populations by increasing in-situ primary 
productivity, which in turn subsidizes upper trophic levels, including prey that support 
recruitment of juvenile salmon (Claeson et al. 2006). Alder commonly grows upslope from 
salmon-spawning habitats. Helfield and Naiman (2002) and Nagasaka et al. (2006) found less 
usage of MDN in riparian vegetation where alder-fixed N was abundant, whereas Edmonds and 
Mikkelsen (2006) found that MDN increased alder growth. 
Anthropogenic environmental change is increasing the importance of these nutrient 
subsidy interactions between alder and salmon. Over the last century, fisheries exploitation, 
habitat degradation, and hatchery practices have led to significant declines in wild salmon 
populations throughout much of their North American range (Gresh et al. 2000). These declines 
represent a serious threat to maintaining productive freshwater systems and the future existence 
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of salmon populations (Schindler et al. 2003). Alder is increasing in prevalence as logging opens 
up previously forested areas along salmon-bearing streams (Edmonds and Mikkelsen 2006) and 
the tundra shrub community expands under climate warming (Myers-Smith et al. 2011). In 
regions where alder is abundant, alder-derived nutrients may play a key role in buffering aquatic 
ecosystems against declining MDN. 
The relative effects of alder and salmon on aquatic nutrient regimes can differ, 
depending on a variety of abiotic controls. For example, reduced watershed slopes are 
associated with decreased quantities of alder-derived N in streams, due to the longer hydrologic 
flow paths that increase uptake and processing of N (Walker et al. 2012). Large precipitation 
events that increase stream discharge rates can reduce the impact of salmon-derived nutrients on 
aquatic P concentrations (Janetski et al. 2009). Previous studies on how such abiotic controls 
modulated the effects of alder and salmon typically focused on only a small number of 
watersheds, or over the course of one year or less. Although these studies offer valuable 
information on the impacts of alder and salmon, they are limited in their ability to characterize 
the ultimate drivers of aquatic nutrient regimes that operate over broad spatial and temporal 
scales. My research spans a broad spatial scale over several years to determine the relative 
impacts of alder and salmon on recipient systems. 
The impacts of alder- and salmon-derived nutrients on aquatic systems are also mediated 
by microbial communities. Microbes drive fundamental biogeochemical processes, including 
nutrient regeneration and food web dynamics (Judd et al. 2006). The quantity, quality, and 
timing of nutrient fluxes can select for the dominance of certain microbial taxa (Eilers et al. 
2000). Nutrient subsidies from alder and salmon markedly differ in elemental composition and 
timing of delivery, and thus may promote the growth and function of distinct aquatic microbial 
communities. These nutrient-induced changes in microbial communities at the base of aquatic 
food web can be amplified at higher trophic levels, ultimately affecting net ecosystem 
productivity (Holtgrieve and Schindler 2011). Because of this, investigating the effects of alder 
and salmon on microbial community structure and function will provide insight into the extent to 
which alder can buffer aquatic systems from declining salmon. 
My dissertation research integrated insights from biogeochemistry, landscape ecology, 
and microbial ecology to determine the drivers and impacts of alder and salmon on aquatic 
ecosystems in the tundra. First, I evaluated the biotic and abiotic controls on stream nutrient 
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stoichiometry in SW Alaska by analyzing the effects of vegetation, salmon, watershed features, 
and meteorological factors on nutrient concentrations in 26 streams over four years (Chapter 2). 
The most striking finding of this study is that by altering the quantities of alder-derived N, 
watershed elevation modulates the type of nutrient limitation characterizing these systems. 
Streams at high elevations where alder was sparse were co-limited by N and P, whereas those at 
low elevations where alder was abundant were P-limited. Alder is a predominant component of 
vegetation in SW Alaska. Thus, the gradient of alder cover and associated changes in stream 
stoichiometry documented in our study could foreshadow the nutrient state of freshwater systems 
throughout the tundra biome as shrub proliferation continues. The finding also raised the 
possibility that aquatic heterotrophic activity would be constrained by P-limitation in high alder 
watersheds, a hypothesis I later evaluated in the context of lake microbial communities (Chapter 
4). 
In Chapter 3, I evaluated the impacts of alder and salmon on lake nutrient availability 
using statistical models based on lake chemistry, landscape, and meteorological data (Chapter 
3). My results indicate that alder drives lake N loading in the spring, while relative catchment 
area and salmon drive lake P loading in the summer. This demonstrates that nutrient loading 
from alder cannot buffer aquatic habitats from declining salmon. Furthermore, estimates 
informed with stream nutrient yield and salmon abundance data suggested that salmon 
contribute ~ 6% and 10% of allochthonous N and P loading to the study lakes, and watersheds 
supply the remaining 94% and 90% on an annual basis. These results challenge the common 
assumption that salmon-derived nutrients constitute the basis of aquatic productivity, and imply 
that careful watershed management is key to sustaining large salmon populations. 
Finally, I determined the impacts of alder and salmon on microbial community structure 
and function in lakes (Chapter 4). By analyzing relationships among bacterial DNA, microbial 
metabolic profiles, and lake chemistry data, I attained the first characterization of the ways in 
which alder- and salmon–derived nutrients alter bacterial assemblage and carbon metabolism in 
aquatic systems. I find that salmon have a larger impact on aquatic bacterial assemblages and 
microbial metabolism than alder, due to stark differences in the composition of nutrient 
subsidies. As a last step, I identified the ambient watershed and lake features that modulate 
microbial metabolic response to nutrient loading. Results suggest that lakes situated in large 
catchment areas and characterized by high primary productivity will be most vulnerable to the 
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climate-induced changes occurring in allochthonous loading to aquatic habitats. 
My dissertation research is the first to elucidate the drivers and impacts of alder and 
salmon on aquatic ecosystems on broad spatial and temporal scales. Because this study includes 
26 streams and 13 lakes studied over a period of four years, this large dataset allows for the 
identification of ultimate controls on aquatic biogeochemistry at spatial and temporal scales 
beyond the scope of previous studies. The results of this research have important implications for 
predicting how freshwater systems might respond to continued anthropogenic influence. 
Additionally, successful management plans for inland fisheries must account for the 
contributions and impacts of nutrient subsidies from terrestrial and marine ecosystems. As 
environmental changes continue, understanding the controls underlying aquatic nutrient and 
microbial community responses will be critical for predicting the long-term trajectory of the 
commercial fishing industry. 
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CHAPTER 2: WATERSHED ELEVATION MODULATES THE IMPACT OF ALDER 
(ALNUS SPP.) ON STREAM NUTRIENT STATUS IN HIGH-LATITUDE 
WATERSHEDS 
 
ABSTRACT 
Nitrogen (N)-fixing alder (Alnus spp.) provides key nutrient subsidies to many terrestrial 
and aquatic ecosystems. In southwestern (SW) Alaska, alder is a prevalent constituent of the 
regional vegetation, and may contribute dissolved nutrients to adjacent freshwater systems. This 
importance is expected to increase as alder cover expands under climate warming and as salmon 
harvesting reduces marine-derived nutrients in salmon-spawning habitats. We analyzed stream N 
and phosphorus (P) concentrations and yields from 26 streams in SW Alaska, from 2010 to 2013, 
to determine how landscape features and meteorological conditions affect terrestrial nutrient 
export and resulting aquatic stoichiometry in this region. We also installed lysimeters in soils 
under alder-dominated and non-alder communities to assess N and P leaching from alder. 
Annually, alder patches leached approximately 24 kg ha-1 more NOx-N, and 2 kg ha-1 more PO4- 
P than non-alder patches (Z > -2.24, P < 0.01 for both). Stream NOx concentrations and yields 
increased non-linearly where alder cover exceeded approximately 30%, suggesting a threshold 
effect. Watershed elevation was inversely related to alder cover, and stream NOx concentrations 
and yields (ρ = -0.80, -0.73, -0.51 respectively, all P < 0.06). Stream P was not related to alder. 
Instead, higher stream P was associated with lower temperatures, possibly reflecting reduced P 
demand under low rates of metabolic activity. Stream DIN:TP increased with alder cover (ρ = 
0.78, P < 0.05) and decreased with elevation (ρ = – 0.71, P < 0.05), implying that alder increased 
stream N availability and exacerbated P-limitation. Thus, the elevational gradient in alder cover 
determined spatial patterns in stream N availability and nutrient limitation across our study 
watersheds. These results suggest that aquatic P-limitation will become increasingly common in 
areas where climate-induced alder expansion continues and that alder is unable to buffer 
freshwater systems from declining salmon. 
 
INTRODUCTION 
Biological nitrogen (N)-fixation is the largest natural source of reactive N to the 
biosphere, accounting for approximately 198 Tg N yr-1, or 48% of total N inputs to the global N 
cycle (Fowler et al. 2013, Vitousek et al. 2013). In regions where N often limits primary 
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production, N-fixing plants are critical to ecosystem sustainability (Vitousek and Howarth 1991). 
One prominent example of such plants is alder (Alnus spp.). The symbiotic relationship of alder 
with the N-fixing actinomycete, Frankia, enables it to subsidize N availability in terrestrial and 
adjacent aquatic ecosystems (Hiltbrunner et al. 2014). In Arctic and subarctic tundra ecosystems, 
anthropogenic climate warming has resulted in the proliferation of shrubs, including alder (Tape 
et al. 2006, 2012). This vegetation change has major implications for land-water interactions, and 
resulting ecosystem N cycling (Ball et al. 2010, Myers-Smith et al. 2011). Freshwater nutrient 
regimes in some high-latitude regions are also greatly impacted by the commercial harvesting of 
salmon. During annual spawning runs, the interception of salmon by fishing activities can reduce 
quantities of marine-derived nutrients (MDN) salmon return to their natal habitats (Schindler et 
al. 2005). Increased N loading from expanding alder cover has the potential to buffer such 
ecosystems from diminishing MDN inputs. Variation in terrestrial alder cover, therefore, may 
dramatically alter the resilience of nutrient cycling in freshwater systems. Thus, understanding N 
dynamics across space and time in response to changing alder cover is important for anticipating 
freshwater system responses to future climate change and commercial fishing. 
Although nutrient subsidies from alder augment the N dynamics of adjacent freshwater 
systems, there is no consensus in the literature regarding the effect of alder on phosphorus. 
Goldman (1961) found increased concentrations of nitrate and ammonium and stimulated 
phytoplankton growth (chlorophyll a) in Castle Lake, California, as a result of N-fixation from 
alder stands in the lake watershed. Alder cover also explained 65% and 68% of the variation in 
stream nitrate and dissolved organic N in Oregon (Compton et al. 2003), and 75-83% of the 
variation in stream NOx concentration and yield in the Kenai Peninsula, Alaska (Shaftel et al. 
2012). Alder has been similarly associated with elevated soil phosphorus (P) concentrations in 
temperate forests, likely due to enhanced P mineralization within the rhizosphere of alder 
(Bormann et al. 1994, Orczewska et al. 2012). In contrast, reduced soil P concentrations have 
also been documented beneath alder stands, attributed to the high P demand required to fix N 
(Sprent 1988, Compton et al. 1997). Because the relative supplies of N and P (i.e. elemental 
stoichiometry) drive trophic dynamics within aquatic food-webs and determine large-scale 
ecosystem productivity (Hecky and Kilham 1988, Sterner and Elser 2002), these alternative 
effects of alder on P have vastly different implications for freshwater nutrient dynamics. If alder 
increases both N and P, aquatic N:P may remain unchanged, promoting co-limitation of these 
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nutrients to productivity. Conversely, if alder increases N and decreases P, the increase in aquatic 
N:P may lead to system-wide P-limitation. Thus, freshwater system response to continued shrub 
proliferation and salmon harvesting depends on the effects of alder on both P and N. 
The magnitude of alder-derived nutrient subsidies to recipient systems can shift through 
time and across space. Using an approach that integrates a broad spatial scale and inter-annual 
timeframe is key to elucidating these shifts especially in tundra ecosystems, where landscape 
features play an important role in facilitating alder expansion (Tape et al. 2012) and growing 
season conditions are changing rapidly (Linderholm 2006, Zeng et al. 2013). Several studies 
have revealed that spatial variability in the amount of alder-derived N in aquatic systems results 
from differences in watershed physiography. For example, low slope and large wetland areas can 
reduce quantities of alder-derived N in streams, by promoting longer flow paths and increased 
biotic uptake of N (Ogawa et al. 2006, Walker et al. 2012). Recent studies also highlight that 
alder-derived N varies temporally, in response to changing seasons. In the spring maximum 
stream N occurs when snowmelt flushes N mineralized beneath the snowpack over- winter 
(Shaftel et al. 2012). In the summer, warmer soil temperatures and greater day length enhance 
alder N-fixation rates (Mitchell and Ruess 2009a). Few studies have been designed explicitly to 
evaluate the relative impacts of these factors on the spatio-temporal dynamics of alder-derived 
nutrients in aquatic systems. 
We investigated changes in stream N and P in watersheds with varying alder cover and 
morphometry in southwestern (SW) Alaska over a four-year period. The region is well-suited for 
exploring the relative importance of topography and weather in determining freshwater nutrient 
status because of (1) the highly variable distribution of alder in the region and (2) the 
documented changes in growing season conditions at inter-annual timescales. We analyzed 
stream water chemistry and discharge from a suite of 26 watersheds in SW Alaska to evaluate 
spatial and temporal variations in N and P yields. Analyses of relationships among alder 
abundance, physiographic features within each watershed, and stream nutrient yields were 
performed to determine spatial drivers of stream N:P. We also examined temporal trends in 
stream N and P, and tested for functional relationships between stream N and P, and 
meteorological conditions. Lastly, we modeled the relationships among the terrestrial, aquatic, 
and meteorological components of this ecosystem to determine the ultimate control on stream 
N:P. This study evaluates stream nutrient dynamics along a latitudinal gradient of alder cover 
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and enhances our understanding of how climate warming and associated vegetation change may 
affect aquatic nutrient regimes in high-latitude watersheds. 
 
STUDY AREA 
This study was conducted in the Togiak National Wildlife Refuge (TNWR) in SW 
Alaska, located at the junction of the Bristol and Kuskokwim Bays of the Bering Sea. The 
regional climate is maritime-coastal transitional. In King Salmon (Fig. 2.1), mean annual, 
January, and July temperatures are +1.8 C, -8.8 C, and 13.1 C, respectively (Alaska Climate 
Research Center 2015). Mean annual precipitation is 167.8 cm, with 71% of this occurring as 
snow. Mean monthly precipitation is highest in January (26 cm) and lowest in March (1.8 cm). 
The region has discontinuous permafrost soils, although the watersheds selected for this study are 
generally free of permafrost. Soils formed in shallow, silty volcanic ash overlying gravelly, loam 
glacial till. Typic Cryandepts occupy well-drained areas whereas Pergelic Cryaquepts occupy 
poorly- drained areas on gentle slopes and in broad depressions (Rieger et al. 1979, Gallant et al. 
1995). Watershed hydrology in this region is characterized by sub-surface flow, and overland 
flow is restricted to the start of spring or during intense summer storms when soil is saturated. 
Vegetation within the TNWR is shrub tundra (Gallant et al. 1995) dominated by Betula nana 
(dwarf birch), Alnus viridis (Chaix) DC. ssp. sinuata (Regel) A.&D. Löve (Sitka alder), and Salix 
spp. (willows). Alnus viridis forms thickets on mountain slopes and flood plains. Populus 
balsamifera L. ssp. balsamifera (balsam poplar) occurs in some riparian areas. Atmospheric N 
deposition in SW Alaska was 0.26 kg ha-1 year-1 in 2012 (National Atmospheric Deposition 
Program 2012, NTN Site AK97). 
 
MATERIALS AND METHODS 
 We selected 13 watersheds from the TNWR to represent a wide range of alder cover and 
watershed landscape factors (Fig. 2.1). Two streams within each watershed were sampled in both 
late spring and late summer each year, from 2010 to 2013, to evaluate the effects of alder cover, 
landscape factors, and inter-annual variability in weather conditions on stream N and P 
concentrations. In each study watershed, streams were selected in pairs that minimized 
differences in watershed area and maximized differences in alder coverage. Watershed 
boundaries were delineated, and watershed area, and mean watershed elevation and slope were 
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calculated in ArcGIS 9.3.1 (ESRI, Redlands, CA) using a 30-m digital elevation model (DEM) 
originating from the USGS’s National Elevation Dataset (ned.usgs.gov), and a vector stream 
network from the USGS National Hydrography Dataset. To classify landcover in the region, we 
used Landsat images from August 1989 and June 2009, and Erdas Imagine (Congalton 1991). 
We determined percent alder cover within each watershed by dividing the number of shrub alder 
pixels (defined as having > 60% of the 30 m pixel in alder) by the total number of pixels within 
the watershed boundary. Areas classified as alder stands on our land cover map were verified on 
the ground during two accuracy assessments performed in 2011 and 2012. The more 
comprehensive accuracy assessment in 2012 (n = 161 training sites in 2012 vs. n = 30 in 2011) 
showed that the landcover map we used had an accuracy of 70% for classifying alder. 
 
Stream chemistry 
In the spring and summer of each year from 2010 to 2013, we collected water samples of 
1L each from inlet streams at least 30 m away from the lake. Water samples were frozen within 
24 h of sampling until analysis. Samples were acid-preserved, filtered with a 0.45 m 
polycarbonate membrane (Whatman, Newton, MA, USA), and analyzed using a flow-injection 
auto-analyzer (Lachat QuikChem 8000+ and Series ASX-500 XYZ Autosampler, Hach 
Company, Loveland, CO). Total Dissolved N (TDN) was digested in persulfate and sodium 
hydroxide, buffered by boric acid, and analyzed as NOx (NO2–N + NO3–N; Clesceri et al. 1989) 
using the cadmium reaction method (Wood et al. 1967). NOx was analyzed using the same 
cadmium reaction method (Wood et al. 1967), and NH4 was analyzed using the phenolate method 
(American Public Health Association 2005). Dissolved organic nitrogen (DON) was calculated 
as TDN minus dissolved inorganic N (DIN; NOx + NH4) and set to zero if it was a negative value 
(sensu Compton et al. 2003). Total P (TP) was measured on acid-preserved, unfiltered water 
samples, with the Lachat QuickChem 8000+ using the ascorbic method after digesting solutions 
with ammonium persulfate and sulfuric acid (EPA method 365.4).  The TP data obtained from 
the 2010 water samples indicated that the technique had to be modified to accommodate 
acidified water samples, and the results for 2010 were excluded from this chapter. 
We assessed nutrient limitation in our study streams using DIN:TP because this ratio has 
been demonstrated to accurately reflect nutrient supply to phytoplankton in high-elevation lakes 
(Morris and Lewis 1988, Sickman et al. 2003, Sadro et al. 2012). While TP is a commonly used 
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index of P availability to phytoplankton, DIN is a suitable indicator of N availability because the 
largest bioavailable pool to phytoplankton is mainly DIN (Stepanauskas et al. 2000, Sickman et 
al. 2003). 
To calculate nutrient yields, we determined the cross-sectional profiles to estimate stream 
discharge rates (m3 s-1) at each sampled stream (Table A.1, Fig. A.1). Profiles were constructed 
from at least ten equally spaced measurements of stream depth and velocity at 60% water depth 
with a Model 2000 Flo-Mate portable flow meter (March-McBirney). Discharge values (L ha-1 s-
1) were calculated by dividing stream discharge rates by watershed areas. Nutrient yield rates (g 
ha-1 day-1) were obtained by multiplying nutrient concentrations by discharge values. In seven of 
the study streams (# 201, # 802, # 1010, # 1101, # 1203, # 905, and # 503), we installed stilling 
wells fitted with water-level and temperature data loggers (WTHR-1000, Intech Instruments 
Ltd., Christchurch, New Zealand) to record stream height and water temperatures every two 
hours over the duration of the study period. To assess thermal conditions of the study streams at 
the time of sampling, we used stream water-temperature values recorded on the date closest to 
the sampling date of each of the seven study streams with a data logger (Fig. A.2). 
 
Soil chemistry 
We installed 14, 12, and 8 resin lysimeters (Susfalk and Johnson 2002) within the 
watersheds of Nunavagaluk, High, and Kegati-Pegati lakes, respectively. The lysimeters were 
installed in soils under alder thickets and under adjacent, non-alder vegetation in the spring of 
each year from 2010 to 2013. Our goal was to quantify differences in soil solution chemistry 
with respect to vegetation, rather than characterizing spatial heterogeneity in nutrient dynamics 
within each watershed, the latter of which would require many more lysimeters. All lysimeters 
were placed in the organic horizon, enabling us to measure the surface leaching of nutrients. In 
each spring, lysimeters that had been in place over the previous year were collected, and new 
ones installed. Nitrogen and phosphorus were extracted from resins in 2 M KCl (Langlois et al. 
2003), filtered through 0.7 µm Whatman filter paper, and analyzed colorimetrically for NOx 
using a cadmium column reduction, and PO4 (dissolved reactive phosphorus; DRP) on a Lachat 
QuikChem 8500 Series 2 FIA (Hach Company, Loveland, CO). We determined the mass of N 
and P in the resin by multiplying extract concentration by the volume of KCl used for extraction. 
Flux rates (kg ha-1 yr-1) were calculated by dividing N and P mass by lysimeter collection area 
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(20.4 cm2). 
 
Weather Data 
We obtained weather data from http://www.ncdc.noaa.gov/cdo-web/ (accessed 12 
February 2015) for the King Salmon airport, Alaska, approximately 200 km from the eastern-
most corner of the TNWR (Fig. 2.1). Growing Degree-Days (GDD) are thermal units commonly 
used to describe the timing of plant phenology (McMaster and Wilhelm 1997). GDD is 
calculated as [(TMAX + TMIN)/2] – TBASE, where TMAX and TMIN are daily maximum and minimum 
air temperature. The NOAA weather datasets we obtained used 50 °F as TBASE. Annual sum of 
Growing Degree Days (AGDD) was calculated as the total number of GDD in one year. Annual 
Growing Season Length (AGSL) was defined as the number of days between the last occurrence 
in spring and the first in fall of a 0 °C minimum air temperature (Sharratt 1992). 
Stream ice-out dates of the study region for 2011 to 2013 were inferred from the data 
recorded by the stream data loggers deployed over-winter, and calculated as the number of days 
between January 1 and the date when streams showed abrupt increases in water height during the 
spring of each year. Stream ice-out dates in 2009 and 2010 were based on ice-out dates for the 
Yukon-Kuskokwim delta region in Alaska documented by Arp et al. (2013). From a literature 
and data search we conducted on ice-out dates in Alaska, the Yukon-Kuskokwim delta was the 
closest region to our study site that had annual ice-out dates over a time period that overlapped 
with our study duration. The ice-out dates based on our stream data loggers in 2011 and 2012 
consistently occurred three weeks before the ice-out dates reported in Arp et al. (2013). As such, 
the ice-out dates in 2009 and 2010 for the TNWR were calculated as having occurred three 
weeks prior to the 2009 and 2010 regional ice-out dates of Arp et al. (2013). 
 
Statistical Analyses 
Initial analyses of stream chemistry data indicated that several variables were not 
normally distributed. Therefore, we used Spearman’s rank correlation analysis to examine the 
spatial patterns in the relationships among all stream chemistry, watershed topographic variables, 
and % alder cover. Variables included concentrations (mg L-1) and yields (g ha-1 day-1) of NOx, 
NH4, DON and TP, and watershed elevation, slope, and area. To avoid artificially inflating p- 
values from aggregating data across all seasons, Spearman Rank correlation analyses were run 
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on all of these variables separately in each season. Our visual analysis of the stream nutrient data 
identified potential threshold effects of alder cover on stream NOx concentrations and yields. We 
tested for the significance of these visually identified potential thresholds with piecewise 
regression (Toms and Lesperance 2003) using the segmented package in R version 3.1.2. To 
determine the relationship between alder cover and stream NOx in the absence of watershed 
topographic patterns, we statistically controlled for the effects of watershed elevation, slope, and 
area on stream NOx concentrations using partial correlation analysis (Dunn and Clark 1987). 
To quantify differences in soil solution chemistry (NOx and DRP) between alder and non- 
alder vegetation, we used a repeated measures statement with an unstructured variance- 
covariance matrix in a linear model, with watershed and vegetation included as fixed effects, and 
lysimeter ID (which reflects watershed, year of sampling, and vegetation) as the repeated subject. 
Watershed, year of sampling, and vegetation were tested for individual and interactive effects. 
Preliminary analyses of the lysimeter data revealed that several weather variables altered the way 
in which alder cover affected soil NOx fluxes. Thus, we included weather variables in the mixed 
models we fitted to stream NOx concentration and yield data as described below. 
We used linear mixed models (LMMs) to examine the relationships between weather and 
stream NOx concentration and yield. Specifically, we constructed mixed models to analyze the 
significance and magnitude of the effects of alder cover, topographic variables, and inter-annual 
weather changes on seasonal stream NOx concentration and yield. In total, 13 weather variables 
were chosen based on hypotheses about how N-fixation by alder was most likely affected by 
weather (see Tables A.3-6 for the weather variables investigated for each model). Alder cover, 
watershed area and slope, stream discharge, and weather parameters were included as fixed 
effects. We excluded watershed elevation because of its high collinearity with alder cover. In all 
cases, we tested for temporal autocorrelation, found it to be insignificant, and thus excluded the 
relevant terms from the models. Spatial dependence was accounted for by nesting individual 
streams within lake watersheds and by including this term as a random variable in the models. 
To enable direct comparisons of effect size, we log-transformed heavily skewed 
explanatory variables and standardized all variables to dimensionless units (z-scores) by 
subtracting the mean from each observation and dividing by the standard deviation. As the 13 
weather variables were inter-correlated, only a subset of them was required to represent all the 
weather information in each model. In the models derived for spring and summer NOx 
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concentrations, only three weather variables of full rank were required to represent all the 
weather data. In the models derived for seasonal NOx yields, five weather variables of full rank 
were required. Any combination of this specific number of full-ranked weather variables in each 
model produced the same AIC values. For this reason, we used two approaches to fitting models. 
First, we fit a full model that had terms for alder cover, topographic variables, and the specific 
number of weather variables of full rank. In each full model, we also included the interaction 
between each weather variable and alder cover. Second, separate LMMs were run for each of the 
13 weather variables, where each model included terms for alder cover, topographic variables, 
stream discharge (for NOx concentrations only), and the interaction between the weather variable 
and alder cover. We used parametric bootstrapping to determine 95% confidence intervals (i.e., 
confidence region) for the effect of each parameter on stream NOx concentrations and yields. All 
LMM analyses were performed with R version 3.1.2. 
We compared variation in stream NOx across space and time by estimating variance 
components for NOx concentrations across lake watersheds, individual streams, seasons, and 
years. Variance components analysis used stream NOx concentration data collected from all 
study streams across the entire study duration. To account for temporal dependence within the 
data, season was nested within lake watersheds, year was nested within season, and year was a 
separate parameter. All terms were included as random effects in the models. Maximum 
likelihood was used to estimate variance components (Scheiner and Gurevitch 2001). The ‘proc 
varcomp’ procedure in SAS was used to run these analyses. 
We used structural equation modeling (SEM) to quantify the relative magnitudes of direct 
and indirect pathways by which specific topographic and weather parameters affect stream 
nutrient limitation. SEM is a form of general linear and multivariate modeling that uses empirical 
data and theoretical models to explicitly evaluate relationships between stressor and response 
variables (Grace et al. 2010). For our initial hypothesized model, we selected the topographic 
and weather parameters that had significant relationships with stream NOx and TP. Then, we 
described the relationships between these variables as a series of linked, structural equations and 
tested their validity using the lavaan package in R. The resulting correlation matrix was then 
evaluated for goodness of fit using the chi-square test, comparative fit index (CFI), and root 
mean square error of approximation (RMSEA). P values of the chi-square test statistic > 0.05 
indicate that the model is consistent with the data (Grace et al. 2010). Good models also have a 
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CFI > 0.85 and a RMSEA < 0.05. To meet the assumptions of multivariate normality, all data 
were standardized using z-scores. 
 
RESULTS 
Our study watersheds spanned wide ranges of elevation (60-699 m), average slope (4- 
28o), and alder cover (6-75 %; Table 2.1). Percent alder cover declined with increasing 
watershed elevation (ρ = -0.80, P < 0.01) but was not related to watershed slope (ρ = -0.27, P = 
0.17; Fig. 2.2A). Discharge rates varied between 2.20 x 10-3 and 5.95 m3 s-1 across our measured 
streams (Table A.1). Discharge rates were not related to alder cover (ρ = -0.29, P = 0.21), but 
increased with average slope (ρ = 0.46, P = 0.06; Table A.2). Stream discharge increased with 
elevation until about 500 m, above which it decreased (ρ = 0.43, P = 0.08; Fig. A.3). 
In our stream-water samples, NOx concentrations were highest (256 + 18 g L-1, mean + 
SE), followed by DON (58 + 6.31 g L-1) and NH4 (19.70 + 2 g L-1). Similarly, stream yields 
were greatest for NOx (10.40 + 1.08 g ha
-1 day-1), followed by DON (2.50 + 0.49 g ha-1 day-1), 
and NH4 (0.80 + 0.13 g ha
-1 day-1; Tables A.1 and A.3. The concentrations and yields of stream 
NOx increased with % alder cover (ρ = 0.78 and 0.61, respectively, P < 0.05; Fig. 2.2B and C), 
decreased with watershed elevation (ρ = -0.73 and -0.51, P < 0.01 and 0.06, respectively), and 
were not related to watershed slope (ρ = -0.27 and -0.05, respectively, P > 0.05; Table A.2). 
Stream NOx concentrations and yields displayed nonlinear relationships with alder cover along 
the elevational gradient of our study sites. Stream NOx was generally low, with a slight 
increasing trend where elevation exceeded 500 m and alder cover was below 30%. It increased 
markedly where alder cover was between ~30 and 50%, and leveled off where alder cover 
exceeded 50% (Fig. 2.2B and C). Piecewise regression indicated a distinct breakpoint in stream 
NOx concentration at 26.83 + 10.84% alder cover. A similar breakpoint in stream NOx yield 
response occurred at 29.22 + 16.12% alder cover. The effect size on stream NOx concentrations 
and yields was consistently greater for alder cover (effect size > 0.4, P < 0.05; Table 2.2) than 
for watershed elevation and slope. Statistically removing the effect of elevation generally 
weakened the relationship between alder and mean stream NOx concentrations more than 
removing the effect of slope (ρ partial = 0.44 and 0.73, respectively, P < 0.01). 
Although the annual means of stream NOx concentrations and yields did not vary greatly 
across the four years of this study, NOx concentrations were significantly higher in spring than in 
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summer in 2012 and 2013 (0.40 vs. 0.25 mg L-1 and 0.30 vs. 0.22 mg L-1, respectively, both t > 
2.35, P < 0.05). In 2010 and 2011, these seasonal differences in stream NOx concentrations were 
insignificant. Throughout the four years of this study, mean NOx yield was consistently greater in 
spring than in summer (17.52 vs. 6.17 g ha-1 day-1, all t > -2.14, all P < 0.05; Fig. 2.3). Growing 
season conditions interacted with alder cover to influence stream NOx. In the spring, higher 
stream NOx concentrations and yields corresponded to later ice-out dates (effect sizes = 0.14 and 
0.11 respectively, P < 0.05). During this season, stream NOx concentrations were also higher 
following years with longer AGSL (effect size = 0.20, P < 0.05). Across all streams, these 
temporal variations in NOx concentrations were relatively small compared with spatial variation 
across lake watersheds and individual streams (variance = 0.63 x 10-2 mg L-1 across seasons and 
years vs. 0.06 mg L-1 across watersheds and individual streams). 
Across our study streams, TP concentrations and yields averaged 20.14 + 0.40 g L-1 and 
0.67 + 0.05 g ha-1 day-1, respectively. Stream-water TP values were not correlated with alder 
cover (ρ = 0.10, P = 0.64), watershed elevation (ρ = -0.14, P = 0.37), stream discharge (ρ = - 
0.18, P = 0.39), watershed slope (ρ = -0.19, P = 0.39), or watershed area (ρ = -0.16, P = 0.5) 
(Table A.2). Mean TP concentrations were similar in spring and summer for each year. Mean TP 
yields were consistently higher in spring than in summer across all years (1.21 vs. 0.53 g ha-1 
day-1, all t > 2.74, all P < 0.05; Fig. 2.4). GSL and ice-out date had no effects on stream TP. 
However, TP concentrations and yields were negatively related to stream water temperature 
across years (ρ = -0.368, P = 0.06 for concentration; ρ = -0.368, P = 0.03 for yield). 
The DIN:TP ratio of our stream-water samples averaged 14.90 + 1.08. DIN:TP increased 
with % alder cover (ρ = 0.78, P < 0.05) and decreased with elevation (ρ = – 0.71, P < 0.05; Fig. 
2.5). At low elevation (< 200 m), mean stream DIN:TP was high (25.9), and the range of stream 
DIN:TP remained above 4. At mid-elevation (300-400 m), mean DIN:TP was lower (10.9), and 
the ratio dropped below 4 in 2011 in one stream (#201). At high elevation (> 500 m), mean 
stream DIN:TP was the lowest (3.4), with most of the streams DIN:TP values between 4 and 0.5, 
(Fig. 2.5). Mean DIN:TP did not differ significantly across the four study years (F = 0.58, P = 
0.45), but was higher in spring than in summer throughout the study (17.06 vs. 12.81, all t < 
2.65, all P < 0.06). 
Our initial SEM model (Fig. 2.6A) provided a poor fit to the data (chi-square = 435.55, df 
= 13, P < 0.01, CFI = 0.66, RMSEA = 0.46). The low CFI value (< 0.95) indicated that the 
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model was over-parameterized. GDD explained less variation in growing-season conditions than 
GSL (R2 = 0.67 vs 0.92), and the path from stream water temperature to DIN:TP (P = 0.44) was 
not significantly different from zero. We therefore modified this model by removing this 
nonsignificant path and added a new direct effect from GSL to stream DIN:TP. This modified 
model (Fig. 2.6B) provided a better fit to the data (chi-square = 4.01, df = 5, P = 0.55, CFI = 1, 
RMSEA = 0) and explained 96.7% of the variance in stream DIN:TP. All remaining paths in this 
model were significant (P < 0.01). Large parameter estimates (Table A.12) indicate that the 
strongest relationships were among elevation and alder cover, alder cover and alder-derived N in 
soil, and alder-derived N in soil and stream DIN:TP (parameter estimates = -0.85, 0.68, and 0.99, 
respectively). In contrast, the relatively small parameter estimate linking stream DIN:TP and 
GSL suggests a weak relationship (parameter estimate = -0.23; Fig. 2.6B).  
Our soil lysimeter data show that the mean fluxes of NOx across all watersheds and years 
were more than three times higher in alder than non-alder patches (NOx-N: 34.50 ± 6.54 SE vs. 
10.02 ± 3.23 SE kg ha-1 yr-1; respectively, Z > -2.24 and P < 0.05; Table 2.4). Soil fluxes of PO4-
P were approximately twice as high under alder as those in non-alder patches (3.19 ± 0.82 SE vs. 
1.62 ± 0.40 SE kg ha-1 yr-1, respectively, Z > -2.24 and P < 0.05). There were significant 
vegetation-by-watershed and vegetation-by-year interactions, with the highest amounts of NOx-N 
and PO4-P found in alder patches in the Kegati-Pegati watershed in 2012 (Z > 24.90 and P < 
0.01 for both; Table 2.4). 
 
DISCUSSION 
Our results show that the elevational gradient in alder cover determined the spatial 
patterns in stream NOx availability (Fig. 2.2). Alder had greater influence on stream NOx than all 
topographic and weather variables in the mixed models (Table 2.2). Consistent with the stream 
data, our lysimester results reveal that the average flux of soil NOx is three times greater under 
alder than non-alder vegetation, providing direct evidence that alder N-fixation exerted a major 
control over N availability in these ecosystems. The relationship between stream NOx and 
watershed alder cover exhibits a threshold effect at ~ 30% alder cover (Fig. 2.2). Similar 
relationships between stream NOx and alder have been reported from elsewhere where alder is a 
prominent component of watershed vegetation. For example, in the Oregon Coastal Range, 
Compton et al. (2003) found that NOx and DON concentrations in 26 streams were strongly 
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correlated with the extent of vegetation dominated by red alder (Alnus rubra) in the watersheds. 
This study documented that where alder cover was > 20%, stream NOx increased markedly with 
alder, and this pattern was attributed to large N inputs that exceeded the system capacity for N 
removal by abiotic and biotic processes. In the Kenai Peninsula of Alaska, stream NOx also 
increased with the abundance of watershed vegetation characterized as green alder (Alnus 
viridis), and displayed a non-linear relationship where alder cover was > 20% (Shaftel et al. 
2012). The threshold value is lower in these two studies than ours, possibly reflecting the greater 
rate of N-fixation under warmer temperatures in the Pacific Northwest and the Kenai Peninsula. 
In southwestern Alaska, pollen records indicate that alder expanded rapidly to reach 
spatial coverage similar to that of today around 8500 years ago, probably in response to 
increased moisture availability (Hu et al. 1995, Brubaker et al. 2001). Biogeochemical analyses 
of lake sediments from this region further suggest that N availability and lake productivity 
increased dramatically with this expansion of alder on the regional landscape (Hu et al. 2001, 
Kaufman et al. 2012). In interior Alaska, Uliassi and Ruess (2002) estimated that the annual N 
inputs from alder averaged 59 ± 11 kg N ha-1 year-1 across a floodplain chronosequence. This is 
almost double the size of allochthonous N loading entering Toolik Lake, Alaska from the entire 
lake watershed (40.5 kg N ha-1 year-1; Whalen and Cornwell 1985). These data underscore the 
key role of alder in driving ecosystem N dynamics across time and space. 
In our study, temporal variation in stream NOx concentrations suggests that changes in 
weather can alter the magnitude of nutrient loading these streams receive. Across years, stream 
NOx concentrations increased with later ice-out dates, likely reflecting our timing of spring 
sampling relative to the timing of snowmelt flushing of mineralized N from soils. Additionally, 
extended AGSL had positive effects on stream NOx concentrations in the following spring, 
probably as a result of longer periods of photosynthesis and N-fixation by alder. Shaftel et al. 
(2012) highlight similar increases in alder-associated NOx in streams later in the growing season. 
Northern high latitudes are experiencing rapid advances in spring thaw and extensions in AGSL 
in response to anthropogenic climate warming (Blinova and Chmielewski 2015, Kivinen et al. 
2017). Our results suggest that these seasonality changes will alter the productivity and 
phenology of high-latitude freshwater ecosystems as anthropogenic climate change accelerates. 
The pronounced variation in stream NOx concentrations across our study streams reflects 
that elevation and associated alder cover are the most important factors driving stream N 
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availability (Figs. 2.2A and 2.6). At higher elevations, steeper slopes and nutrient-poor soils 
impede plant growth, limiting alder cover (Choler et al. 2001). The positive correlation between 
N-fixation rates and soil temperatures up to 20-25 °C (Uliassi and Ruess 2002) also suggests that 
low soil temperatures at high elevations depress N-fixation, contributing to reduced stream NOx 
at these sites. Additionally, lower temperatures can limit N mineralization, further decreasing 
stream NOx at high elevations. Elevation may also modulate the effects of alder on stream NOx 
through hydrological processes. Greater stream discharges may increase mobilization and export 
of NOx at low- and mid-elevation sites compared to high-elevation sites. At the lowest elevations 
where alder cover > 50%, the leveling off of stream NOx concentrations likely resulted from 
denitrification in low-lying wetlands. Elevated DOC concentrations from our lowest elevation 
streams are consistent with this interpretation (3.68 and 2.43 mg L-1 vs. average: 2.21 mg L-1). 
Together, these results indicate that although alder cover and hydrology are proximate controls, 
watershed elevation is the ultimate control on the N economy of this system. 
Similar to soil N, our lysimeter data indicate that soil P was significantly higher beneath 
alder than non-alder patches. A number of previous studies have documented increased soil P in 
association with alder. High soil nitrification rates beneath alder lower soil pH, and can facilitate 
P mineralization from surrounding bedrock (Van Cleve et al. 1993, Kielland et al. 2006). P-
mobilizing enzymes produced by alder (Giardina et al. 1995, Mitchell and Ruess 2009b) and its 
ectomycorrhizal (EM) fungi partners (Yamanaka et al. 2003) can also increase soil P. In contrast, 
other studies documented decreased P availability beneath alder stands (Cole et al. 1990, 
Compton and Cole 1998) probably because of the high ATP demands of N-fixers to fuel the N-
fixation process. In our study, although soil P was higher under alder-dominated vegetation than 
adjacent non-alder vegetation, stream P was independent of watershed alder cover. This pattern 
suggests that the extra soil P associated with alder was sequestered by terrestrial biota or 
occluded in soils, thereby becoming unavailable for export to the study streams. Among the 
biotic and abiotic variables we considered as potential controls of stream nutrients, stream-water 
temperature was the only one that correlated with the abundance of stream P, with substantially 
higher P values associated with cooler seasons and years. Low temperatures probably decreased 
the rates of metabolic activity and nutrient uptake by terrestrial and aquatic plants, thereby 
increasing P availability in streams. Taken together, these results highlight the decoupling of 
controls on P between the terrestrial and aquatic systems. 
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In aquatic ecosystems, DIN:TP values > 4 indicate P-limitation, values < 0.5 indicate N- 
limitation, and values of 0.5-4 indicate co-limitation (Sadro et al. 2012). In Arctic and subarctic 
regions where alder cover is low, aquatic ecosystems are typically co-limited by N and P 
(Hobbie 1980, Kling et al. 1992), similar to our high-elevation sites. In our study, because DIN 
increased markedly with alder cover, whereas TP was not related to alder, the relationship 
between stream DIN:TP and alder cover (Fig. 2.5) is strikingly similar to that between stream 
NOx and alder cover (Fig. 2.2). Likewise, the relationship between stream DIN:TP and elevation 
resembles that between stream NOx and elevation, illustrating that elevation is the primary driver 
of aquatic stoichiometry in this region (Fig. 2.6). At our lower- elevation sites (< 500 m) where 
alder was more abundant, most streams remained P-limited despite large inter-annual and 
seasonal variations in DIN:TP (Fig. 2.5). In contrast, above 500 m in elevation where alder cover 
is low, all streams except two were predominantly co-limited by N and P (4 < mean DIN:TP < 
0.5). These results demonstrate that the elevation-mediated effects of alder can generate 
streamscape patterns of nutrient limitation, and that increased watershed alder potentially 
exacerbates P-limitation in streams. 
Our results contribute to the current understanding of the mechanisms that generate 
nutrient limitation. Although there is increasing awareness of the impacts of cross-ecosystem 
resource subsidies on the structure and function of recipient ecosystems (Polis et al. 2004, 
Leroux and Loreau 2008, Sitters et al. 2015), most studies on nutrient limitation have focused on 
local processes within ecosystems (Marleau et al. 2015). Specifically, they explore ways in 
which short- and long-term community interactions between primary producers and the abiotic 
environment induce nutrient limitation (Howarth 1988, O’Neill et al. 1989, Saito et al. 2008). 
Marleau et al. (2015) modeled the ways in which different rates of nutrient movement across 
ecosystem boundaries can override local control on nutrient dynamics, thereby generating 
patterns of co-limitation in recipient ecosystems. Our study provides empirical support for this 
model by identifying that variation in the quantities of terrigenous nutrients (N from alder) 
induces consistent patterns of nutrient limitation in freshwater systems. Marleau et al. (2015) 
also identified prevalent nutrient limitation under high movement rates of a non-limiting nutrient. 
Validation of this finding comes from streams at low-elevation sites in our study, where large 
quantities of the non-limiting nutrient (N) generated consistent P-limitation.  
The potential of cross-system subsidies to regulate stoichiometry in recipient systems has 
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important implications given predictions of how the magnitude and composition of such 
subsidies are expected to vary in response to anthropogenic climate change (Ball et al. 2010, 
Davis et al. 2013). One prominent example is the climate-induced shrub proliferation currently 
underway in the Arctic tundra (Tape et al. 2006, Tape et al. 2012). In response to warming, 
several tundra shrub species, including alder, are rapidly increasing in biomass, cover, and 
abundance (Myers-Smith et al. 2011). Given the dramatic changes in ecosystem biogeochemistry 
that occurred during the Holocene alder expansion (Hu et al. 2001), increased alder-derived N 
loading to the tundra may substantially have similar effects in the 21st century (Mitchell and 
Ruess 2009a). For stream nutrients, these effects are analogous to the variation associated with 
the broad range of alder cover from high to low elevations in our study. Where alder spreads 
within watersheds, a shift from co-limitation by N and P to limitation primarily by P may occur 
in surface waters. These changes in nutrient dynamics may also interact with rising temperatures 
and CO2 concentrations to affect phytoplankton stoichiometry and associated trophic processes 
(Kaushal et al. 2010). De Senerpont Domis et al. (2014) show that under P-limited conditions, 
elevated temperatures increased nutrient use efficiency in phytoplankton, thereby increasing their 
C:N ratios and sequestering more C within the system. These stoichiometric changes may be 
further enhanced by elevated atmospheric CO2 concentrations, which can promote C uptake by 
primary producers (Schoo et al. 2013). Phytoplankton with higher C:N are less nutritious to 
zooplankton, which constitute the staple food resource of many consumers at higher trophic 
levels in the aquatic food web, including juvenile fish (van de Waal et al. 2010). Thus, the effects 
of stoichiometric changes in phytoplankton as a result of ongoing shrub expansion can cascade 
across trophic levels, ultimately affecting economically-valuable fish such as the Pacific salmon. 
Our results imply that alder is unable to buffer the impact of salmon declines in 
freshwater systems. One-third of Pacific salmon populations have gone extinct, while another 
third border extinction at the southern end of their range because of habitat loss, hatchery 
practices, and commercial harvest (Gustafson et al. 2007, Lackey 2015). In the TNWR, harvest 
levels of salmon for some individual watersheds exceed 75% of their annual return. Decreased 
salmon populations reduce inputs of marine-derived nutrients to freshwater ecosystems that are 
spawning habitats of salmon (Naiman et al. 2002). These losses represent a serious threat to the 
productivity of aquatic and riparian ecosystems, and the wide variety of vertebrate predators, 
insects, and avian scavengers that depend on salmon carcasses and eggs for food (Schindler et al. 
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2003, Helfield and Naiman 2006). Alder is a prevalent constituent of vegetation in many salmon- 
bearing watersheds, and alder N-fixation may provide key alternative nutrient subsidies for 
maintaining ecosystem health and integrity. Indeed, our results from the TNWR and those from 
previous studies clearly indicate alder-derived N from the watershed can greatly increase N 
availability in streams, suggesting that alder may buffer against diminishing quantities of 
salmon-derived nutrients. However, our results also indicate the decoupling of alder-derived N 
and P in streams: whereas stream N fluxes increase with alder cover, stream P fluxes do not. In 
contrast, salmon carcasses deliver significant quantities of marine-derived N and P to freshwater 
ecosystems (Gende et al. 2002, Schindler et al. 2003). Thus, although alder-associated nutrients 
can buffer freshwater systems from reduced marine-derived N, the productivity of these aquatic 
systems will suffer from P-limitation where salmon declines occur. 
In addition to salmon population loss and shrub expansion, the emergence of novel 
disturbance regimes can greatly alter freshwater nutrient dynamics in northern high-latitude 
regions. Climate warming has increased tundra burning (Mack et al. 2011, Hu et al. 2015) and 
permafrost degradation in Alaska (Chipman et al. 2016, Batir et al. 2017), which may have 
dramatic impacts on the biogeochemistry of adjacent aquatic ecosystems. For example, over a 
period of two to three years, a small erosional feature created by permafrost thaw (0.9 m2) on the 
Toolik River, Alaska, delivered 18 times more sediment than would normally be delivered by the 
entire 132 km2 upper Kuparuk River basin over the same time period (Bowden et al. 2008). 
Ammonium, nitrate, and phosphate concentrations in water below this feature were 40, 24, and 
four times higher than in water above it (Bowden et al. 2008). If such disturbances continue to 
increase in magnitude and frequency, their effects could dwarf those of shrub expansion and 
salmon harvest on freshwater nutrient regimes. 
 
CONCLUSIONS 
Our results demonstrate that aquatic nutrient limitation in the TNWR is determined by 
elevation, which modulates the quantities of alder-derived N reaching streams. In the tundra, 
alder cover is increasing in response to climate change (Tape et al. 2006, 2012), and as a result, 
alder-derived N loading is becoming a common feature of freshwater systems in high-latitude 
regions worldwide (Myers-Smith et al. 2011, Hiltbrunner et al. 2014). In our study, the gradient 
in alder cover and associated changes in aquatic nutrient limitation may therefore provide a 
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future analog for other regions, as alder continues to invade tussock-dominated tundra in a 
warming climate. The strong control alder exerts on aquatic N, but not P, exacerbates P- 
limitation in streams with high watershed alder cover, and precludes alder from buffering 
freshwater systems from declining salmon. The dramatic ecological impacts of other ecosystem 
changes already occurring in the tundra, including increased wildfire and permafrost thaw 
events, could serve to further modify aquatic nutrient regimes. Thus, the effects of such novel 
disturbance regimes need to be integrated with those of shrub expansion and in order to improve 
the reliability of predictions concerning future aquatic nutrient dynamics in the tundra. 
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FIGURES AND TABLES 
 
Table 2.1. Watershed characteristics of the 26 study streams in southwestern Alaska. 
 
Stream number 
Major lake 
watershed 
Watershed area 
(m2) 
Mean watershed 
elevation (m) 
Mean watershed 
slope (%) 
Watershed alder 
cover (%) 
103 Gechiak 825.8 213 14.8 49.4 
201 Goodnews 1354.7 367 18.3 22.8 
202 Goodnews 1874.8 343 18.6 28.3 
303 High 2015.5 699 28.1 19.0 
501 Kegati-Pegati 388.2 529 15.8 7.1 
503 Kegati-Pegati 4750.3 517 16.9 15.8 
505 Kegati-Pegati 5009.2 671 17.2 5.6 
603 Little Togiak 4243.2 421 26.5 46.5 
708 Nagugun 565.7 528 23.9 29.8 
802 Nenevok 3675.0 557 16.8 16.4 
806 Nenevok 1194.2 626 21.0 28.7 
905 Nunavagaluk 1035.1 189 16.6 65.7 
908 Nunavagaluk 179.6 60 4.0 75.2 
912 Nunavagaluk 646.6 123 10.1 73.0 
1002 Ohnlik 659.0 609 17.5 8.0 
1010 Ohnlik 1183.1 545 22.0 16.1 
1101 Ongivinuk 2336.3 402 22.2 49.1 
1203 Pungokepuk 3816.0 262 13.6 41.5 
1303 Togiak 4541.4 315 16.3 36.0 
1306 Togiak 3243.0 396 19.3 47.3 
1317 Togiak 7215.0 451 22.6 48.8 
1333 Togiak 699.4 178 8.7 43.4 
1405 Ualik 283.0 155 15.6 72.7 
1407 Ualik 284.4 201 17.9 57.2 
1408 Ualik 878.2 206 16.6 39.1 
1410 Ualik 1848.3 271 18.2 60.8 
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Table 2.2. Mean parameter estimates from the models derived for stream NOx concentrations and yields in the spring and summer. 
Boldface denotes significant parameters at P < 0.05. #AGSL and sum of GDDs from the previous year were used in analyses of spring 
data, while AGSL and sum of GDDs from the current year was used in analyses of summer data. Lower and upper bounds of 95% CI 
of mean parameter estimates are listed in Tables A8-11. 
 
 
 NOx concentrations NOx yields 
Parameter Mean 
parameter 
estimate 
(Spring) 
Mean 
parameter 
estimate 
(Summer) 
Mean 
parameter 
estimate 
(Spring) 
Mean 
parameter 
estimate 
(Summer) 
Alder cover 0.44 0.67 0.41 0.66 
Watershed area 0.06 0.12 0.10 0.06 
Watershed slope -0.03 -0.04 0.14 0.19 
Stream discharge 0.02 -0.03 -- -- 
Annual growing season length (AGSL)# 0.09 -1.53 -0.25 -0.09 
Annual sum of growing degree days (GDD)# -0.14 5.13 -1.23 2.59 
Ice-out date 0.05 1.44 -0.95 1.75 
Mean summer precip. - mean spring precip. -- -4.35 -- -2.62 
Mean summer temp. - mean spring temp. -- -5.06 -- -2.65 
Alder cover*AGSL# -0.15 -0.84 -0.35 0.94 
Alder cover*GDD# -1.22 1.85 -1.60 -4.44 
Alder cover*Ice-out date -0.98 0.04 -1.31 -1.84 
Alder cover*(Mean summer precip. - mean spring precip.) -- -1.47 -- 3.81 
Alder cover*(Mean summer temp. - mean spring temp.) -- -1.77 -- 4.35 
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Table 2.3. Stream chemistry, discharge, and watershed % alder cover information from other studies conducted in Alaska. 
 
 Study system and reference 
 
Parameter 
Togiak National 
Wildlife Refuge, AK 
(this study) 
Kenai Peninsula, AK 
(Shaftel et al. 2012) 
Kenai Peninsula, AK 
(Walker et al. 2012) 
Watershed alder cover (%) 5.6-75.2 0-28.2 not provided 
Stream discharge (m3 s-1) 0.002-5.88 0.008-0.14 0.007-0.513 
NOx  concentrations (mg L
-1) 3 x 10-2-1.64 3 x 10-3-1.56 0.001-0.74 
NOx  yields (g ha
-1 day-1) 0.04-84.3 0.01-13.11 not provided 
NH4  concentrations (g L
-1) 0-174 2-94 5.9-69.7 
NH4  yields (g ha
-1 day-1) 0-16.4 not provided not provided 
DON concentrations (g L-1) 0-9639 not provided not provided 
DON yields (g ha-1 day-1) 0-57.4 not provided not provided 
TP concentrations (g L-1) 9.9-34.3 not provided 15.6-159.8 
TP yields (g ha-1 day-1) 0.01-2.96 not provided not provided 
DIN:TP 0.63-58, median 18.6 not provided 0.92-4.8, median 1.52 
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Table 2.4. Mean (± 1 SE) nutrient fluxes from litter (surface) soils by lake watershed, vegetation type, and year, 2012-2013. Boldface 
denotes that nutrient flux rates from this watershed and vegetation type in this year were significantly different from other watersheds 
and vegetation types in the other year at P < 0.01. 
 
Lake 
Watershed 
Vegetation 
NOx-N in 2012 
(kg N ha-1 yr-1) 
NOx-N in 2013 
(kg N ha-1 yr-1) 
DRP in 2012 
(kg P ha-1 yr-1) 
DRP in 2013 
(kg P ha-1 yr-1) 
High alder 12.1 (7.26) 3.70 (1.10) 0.35 (0.29) 0.28 (0.07) 
High non-alder 1.46 (0.38) 1.44 (0.50) 0.22 (0.07) 0.25 (0.04) 
Kegati-Pegati alder 86.2 (0) 6.90 (7.52) 0.07 (0) 0.05 (0.02) 
Kegati-Pegati non-alder 0.88 (0.52) 1.31 (0) 0.22 (0.13) 0.04 (0.002) 
Snake alder 16.1 (12.6) 15.9 (2.61) 0.42 (0.15) 0.03 (0.01) 
Snake non-alder 6.0 (3.26) 0.49 (0.15) 0.36 (0.19) 0.08 (0.03) 
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! Sampling points 
0-20% alder cover 
20-40% alder cover 
40-60% alder cover 
60-80% alder cover 
TNWR 
King 
Salmon 
  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 2.1. Location and alder cover of the 26 study streams in the Togiak National Wildlife 
Refuge (TNWR), Alaska. Stream watersheds are shaded by percent alder cover. Inset shows the 
location of the TNWR, and where we obtained the weather data used in our analyses (King 
Salmon) within Alaska. 
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Figure 2.2. (A) Relationships between alder cover and watershed elevation and slope, (B) and 
(C) Relationships between alder cover and stream nutrient concentrations and yields. Circles are 
mean values and bars are standard deviations. Spearman Rank correlation coefficients (ρ) of all 
relationships. ** P < 0.01. 
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Figure 2.3. Time series of stream discharge, NOx concentrations and yields over the study 
duration. ‘Sp’ and ‘Su’ stand for spring and summer respectively. Black line represents average, 
while grey lines represent values from individual streams. 
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Figure 2.4. Time series of TP concentrations and yields from 2011 to 2013. ‘Sp’ and ‘Su’ stand 
for spring and summer respectively. Black line represents average, while grey lines represent 
values from individual streams. 
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ρ = 0.78** 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 2.5. Relationships between alder cover and watershed elevation, and stream DIN:TP. 
Circles are mean DIN:TP values and bars are standard deviations. Spearman Rank correlation 
coefficients (ρ) of relationships indicated in bold. ** P < 0.01. 
ρ = - 0.71** 
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Figure 2.6. (A) Initial structural equation model representing how landscape variables and 
weather conditions interact to determine stream nutrient limitation. Boxes signify observed 
variables and ovals represent latent variables in the model. Stream NOx concentrations were used 
to determine the latent variable titled ‘Alder-derived N in soil’. Lines represent paths connecting 
variables. Model structure was based on results from this study. (B) The final model (chi-square 
test statistic = 4.01, df = 5, P > 0.05) explained 96.7% of variation in stream DIN:TP. Numbers 
associated with paths are the relative strengths of the connections based on standardized 
correlations, obtained using maximum likelihood estimation. Thickness of arrows reflects the 
strength of the connection. All variables were standardized. 
(B) 
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CHAPTER 3: PHYSICAL WATERSHED FEATURES MODULATE THE IMPACTS 
OF ALDER (ALNUS SPP.) AND SALMON (ONCHORHYNCHUS SPP.) ON LAKE 
NUTRIENT DYNAMICS 
 
ABSTRACT 
Understanding the drivers and impacts of nutrient fluxes across ecosystem boundaries is 
fundamental to ecology. Nitrogen (N)-fixation by alder (Alnus spp.) and Pacific salmon 
(Oncorhynchus spp.) provide key nutrient subsidies to freshwater systems. The importance of 
alder-derived nutrients in the tundra is expected to increase as alder cover expands under climate 
warming, and as salmon declines reduce marine-derived nutrients in salmon-spawning habitats. 
We investigated broad-scale spatial and temporal drivers of alder- and salmon-derived nutrients 
using 26 streams and 13 lakes in SW Alaska. Stream and lake water samples were collected from 
2010 to 2013 for N and phosphorus (P) analyses. Elevation was inversely related to alder cover 
and lake N (ρ = -0.81 and -0.77 respectively, P < 0.05 for both). Alder had the largest effect on 
lake N in the spring (β estimate = 0.58, P < 0.05), while relative catchment area and salmon 
density drove lake P in the summer (β estimates = 0.42 and 0.32 respectively, P < 0.05 for both). 
Accounting for relative catchment area weakened the relationship between salmon density and 
lake P (parameter estimate = 0.45, P = 0.08). These results demonstrate that alder cannot mitigate 
the impacts of declining salmon in these P-limited lakes, and that physical watershed features 
ultimately determine the magnitude of nutrient loading from alder and salmon. Also, estimates 
indicate that salmon contribute ~ 6 and 10%, while the watershed contributes over 80% of annual 
N and P inputs to the study lakes. Thus, the extent to which salmon-derived nutrients have been 
hypothesized to fertilize aquatic systems has been overestimated in most studies. 
 
INTRODUCTION 
Understanding the impacts of resource subsidies that cross ecosystem boundaries is 
fundamental in ecosystem studies (Nakano and Murami 2001, Richardson and Sato 2015). 
Nutrients released by N-fixing plants, including actinorhizal (Frankia-nodulated) alder (Alnus 
spp.) represents a terrestrially-derived subsidy that can greatly impact nutrient dynamics and 
productivities of aquatic systems. A number of previous studies have documented the importance 
of alder-dominated vegetation as a source of dissolved nutrient concentrations to adjacent aquatic 
systems. For example, Goldman (1961) found elevated concentrations of NOx and NH4, and 
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stimulated phytoplankton growth in Castle Lake, California, as a result of N-fixation from Alnus 
stands in the lake watershed. Similarly, dissolved stream N concentrations were positively 
correlated with the abundance of Alnus in watershed vegetation (Compton et al. 2003, Shaftel et 
al. 2013). Like alder, Pacific salmon (Oncorhynchus spp.) represent a classic example of nutrient 
flux across ecosystem boundaries (Chaloner et al. 2004, Holtgrieve and Schindler 2011). Upon 
their return to natal aquatic habitats from the ocean, adult salmon release large quantities of 
marine-derived nitrogen (N) and phosphorus (P) into freshwater ecosystems via excretion, 
spawning, and carcass decomposition (Schindler et al. 2003, Tiegs et al. 2011). Terrestrial plants 
in riparian areas may also benefit from marine-derived nutrients (MDN) from salmon (Edmonds 
and Mikkelsen 2006, Helfield and Naiman 2002, Nagasaka et al. 2006). 
These interactions across ecosystem boundaries are becoming increasingly important in 
the context of anthropogenic environmental changes. Fisheries have greatly diminished salmon 
populations, reducing MDN inputs to lakes and streams and threatening the long-term 
sustainability of these ecosystems as salmon-spawning habitats (Ruckelshaus et al. 2002). Alder 
is expanding in its spatial extent and density as a result of increased logging in forested areas 
(Edmonds and Mikkelsen 2006) and anthropogenic climate warming in the tundra biome (Tape 
et al. 2012). Alder may elevate nutrient and productivity levels of freshwater systems, thereby 
enhancing the productivity and sustainability of salmon habitats. Given the important role of 
alder in driving the dynamics of N and other key nutrients (Compton et al. 2003, Shaftel et al. 
2012), in areas where alder and salmon distributions overlap, such as the coastal areas of the 
North Pacific, alder may compensate for and buffer against the impacts of declining salmon 
MDN. However, no studies have been designed that juxtapose alder-derived nutrients against 
MDN to assess their relative roles in freshwater nutrient dynamics. 
The magnitude of cross-ecosystem nutrient subsidies varies spatially and temporally in 
relation to environmental factors. Watershed physiography plays a major role in driving the 
export of terrestrially derived nutrients to adjacent aquatic systems. For example, steep slopes 
and reduced wetland area enhance N and P delivery to recipient lakes by reducing flow path 
length and biotic uptake (Walker et al. 2012, Soranno et al. 2014). Large watersheds and high 
stream-discharge rates also elevate N and P concentrations by increasing the source area and 
transport of nutrients (Creed and Band 1998, Schaefer et al. 2009). Similarly, seasonal and inter-
annual changes in weather can modify allochthonous nutrient loading to lakes. Spring flushes of 
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soil nutrients mineralized beneath snow lead to peak N and P inputs to lakes and streams (Schiff 
et al. 2002, Golden et al. 2009), whereas prolonged drought can reduce such inputs (Hayes et al. 
2015). Thus, understanding various drivers of nutrient dynamics operating over multiple spatial 
and temporal scales is necessary for assessing the impacts of resource subsidies across ecosystem 
boundaries. 
Southwestern Alaska supports the greatest wild salmon runs in the world, and alder 
thickets are prevalent on the regional landscape (Gallant 1995, Mead 2000). This setting 
provides an excellent opportunity to assess the relative effects of alder and salmon as nutrient 
sources for adjacent lakes. We analyzed water samples from 13 subarctic lakes and 26 inlet 
streams in this region over a three-year period for a suite of nutrient variables (N and P), and 
assessed the relationships of these variables with alder and salmon abundance, as well as 
watershed and lake morphometry. We also examined seasonal and inter-annual patterns in lake N 
and P, and tested for the influence of meteorological conditions. We modeled the relationships 
among physical watershed features, alder, salmon, meteorological conditions, and lake N and P 
to determine the factors controlling nutrient dynamics. In this paper, we report results of these 
analyses and address three specific questions: (1) What are the major patterns and drivers of 
nutrient dynamics in our study lakes? (2) Can nutrients from alder potentially buffer against 
declining nutrients in lakes caused by salmon harvest, and hence help maintain long-term 
ecosystem integrity? and (3) What are the implications of these results for ecosystem 
management? This study provides new evidence for the importance of watershed-derived 
nutrient subsidies in subarctic lakes, and illustrates some of the complex interdependencies 
associated with linking terrestrial and aquatic systems. 
 
STUDY AREA 
We selected 13 watersheds in the Togiak National Wildlife Refuge (TNWR) in southwest 
Alaska to represent broad gradients in geomorphic factors, alder cover, and salmon abundance 
(Fig. 3.1, Table 3.1). This region is characterized by a transitional maritime-coastal climate. The 
closest weather station to the TNWR is the King Salmon airport, where the mean maximum 
temperature occurs in July (13.1 C), and the minimum occurs in January (-8.8 C). Mean annual 
precipitation is 167.8 cm, with most of which occurs as snow. Average monthly precipitation is 
highest in January (26 cm) and lowest in March (1.8 cm, Alaska Climate Research Center 2015). 
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Soils in the study watersheds are mostly free of permafrost and originate from volcanic ash 
layers deposited over glacial till (Rieger et al. 1979, Gallant et al. 1995). Sub-surface flow 
typifies the hydrology in this region, with overland flow only occurring during the growing 
season when soil is saturated. Vegetation consists of shrub tundra dominated by Betula nana 
(dwarf birch), Alnus viridis (Chaix) DC. ssp. sinuata (Regel) A.&D. Löve (Sitka alder), and Salix 
spp. (willows) (Gallant et al. 1995). Alnus viridis commonly forms stands on uplands and in 
floodplains. Salmon runs in the TNWR mainly occur in late summer, peaking at the end of 
August or beginning of September, and are dominated by pink salmon (O. gorbuscha Walbaum 
1972), with smaller numbers of chum salmon (O. keta Walbaum 1972). Atmospheric N 
deposition in SW Alaska is low, and was 0.26 kg ha-1 year-1 in 2012 (National Atmospheric 
Deposition Program NTN Site AK97). 
 
MATERIALS AND METHODS 
In each of the 13 watersheds, one lake and two inlet streams were selected for this study, 
giving a total of 13 lakes and 26 streams. Streams were selected in pairs that minimized 
differences in watershed area and maximized differences in alder coverage. Of all the study 
lakes, 11 are accessible by salmon and two control lakes are inaccessible by salmon. Because 
salmon largely spawn in the lakes and not in the streams, the main focus of this study was the 
lakes. The study streams were sampled to document quantities of watershed-derived nutrients 
entering the study lakes. 
ESRI ArcMap 9.3.1 GIS software was used to delineate lake watershed boundaries, and 
lake watershed area, elevation, and slope were calculated using a 30-m digital elevation model 
(DEM) obtained from the USGS’s National Elevation Dataset (ned.usgs.gov). Drainage density 
for each lake watershed was calculated by dividing the total length of streams within each 
watershed by the watershed area. Surface area, volume, elevation, and maximum depth for all 13 
study lakes were obtained by digitizing and geo-referencing previous TNWR lake bathymetric 
maps in ArcGIS 9.3.1 (ESRI, Redlands, CA; Lowe et al. 2013). The ratio of lake length to depth 
(L/D) was calculated by dividing the longest straight-line distance across each lake by its 
maximum depth. 
Alder cover was determined using Erdas Imagine and Landsat images from August 1989 
and June 2009 (Congalton 1991). We divided the number of shrub alder pixels (defined as 
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having > 60% of the 30m pixel in alder) by the total number of pixels within the watershed 
boundary to obtain percent alder cover within each watershed. Mapped alder stands were verified 
on the ground during two accuracy assessments performed in 2011 and 2012, and showed that 
the landcover map we used had an accuracy rating of 70% for classifying alder. 
To characterize salmon abundance, we performed aerial salmon surveys annually in each 
of the study lakes supporting spawning salmon (n = 11). Aerial salmon counts were performed at 
all study lakes in late August through mid-September, at which time the majority of salmon runs 
had ended, but prior to decomposition of all carcasses. Surveys were conducted with the same 
observer (T.S.) in all years in a Robinson R-44 helicopter flying at 10-20 m height above water 
and at 40-60 kph speed, following the methods of the Alaska Department of Fish and Game 
(ADFG 2002). Lake shorelines and major tributaries to each lake were surveyed, and both live 
and dead salmon were counted. In areas where salmon were too numerous to count individuals, 
the numbers were estimated. Aerial counts represent an index for annual run size. We used 
additional abundance information collected by weir and tower counts by ADFG over the study 
period in four lakes (Togiak, Ualik, Gechiak, and Kagati-Pegati) to calculate expansion factors 
and thereby translate aerial count indices into annual run estimates. We used these final annual 
run estimates as one indicator of salmon abundance in our statistical analyses. As larger salmon 
populations inhabit lakes with greater volume, we normalized annual run estimates by 
calculating salmon density (final annual run estimate for each lake/lake volume) and used this as 
a second indicator of salmon abundance in our analyses. 
 
Lake and stream chemistry 
We obtained water samples from 13 lakes and 26 streams in the late spring and summer 
each year, from 2011 to 2013, to encompass periods before and after the annual salmon runs. At 
each lake, we collected a 1L integrated Secchi-depth sample from the middle of the lake. The 
Secchi-depth was divided into three equal intervals, and Van Dorn samples from the three depths 
were combined to produce a single sample. At each inlet stream, we collected a 1L at least 30 m 
away from the lake. Water samples were frozen within 24 h of sampling until laboratory analysis. 
Samples were acid- preserved, filtered with a 0.45 m polycarbonate membrane (Whatman, 
Newton, MA, USA), and analyzed using a flow-injection auto-analyzer (Lachat QuikChem 
8000+ and Series ASX- 500 XYZ Autosampler, Hach Company, Loveland, CO). Total 
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Dissolved N (TDN) was digested in persulfate and sodium hydroxide, buffered by boric acid, 
and analyzed as NOx (NO2–N + NO3–N) using the cadmium reaction method (Wood et al. 
1967). NOx was analyzed using the same cadmium reaction method (Wood et al. 1967), while 
the phenolate method (American Public Health Association 2005) was used to analyze NH4. 
Dissolved organic nitrogen (DON) was calculated as TDN minus dissolved inorganic N (DIN; 
NOx + NH4) and set to zero if it was a negative value (sensu Compton et al. 2003). Total 
Dissolved P (TDP) was digested with peroxdisulfate and analyzed as orthophosphate (Murphy 
and Riley 1962). Total N (TN) and total P (TP) were analyzed using acid-preserved, unfiltered 
water samples. Samples were analyzed for TN via combustion catalytic oxidation (Shimadzu 
TOC-L analyzer, Shimadzu Corporation, Columbia, Maryland, USA). TP was measured on the 
Lachat QuickChem 8000+ using the ascorbic method after digesting solutions with ammonium 
persulfate and sulfuric acid (EPA method 365.4). 
To quantify stream nutrient yield, we first estimated stream discharge rates (m3 s-1) using 
cross-section profiles at each study stream (Chapter 1). These profiles were constructed from at 
least ten equally spaced measurements of stream depth and velocity at 60% water depth with a 
Model 2000 Flo-Mate portable flow meter (March-McBirney). Discharge values (L ha-1 s-1) were 
calculated by dividing stream discharge rates by watershed areas. Then, discharge rates were 
multiplied by stream nutrient concentrations to obtain nutrient yield rates (g ha-1 day-1). 
To estimate discharge entering each lake from the entire watershed, we first divided 
stream discharge values (m3 s-1) from all the study streams by their corresponding stream 
watershed areas (m3 s-1 ha-1). Then, we averaged stream discharge values from all the study 
streams in each lake watershed to obtain one discharge value for each lake watershed in each 
season. We multiplied this value by the entire area of the lake watershed to obtain the total lake 
watershed discharge rate (m3 s-1). Although this calculation assumes that the average rate of 
stream discharge production is constant over the entire lake watershed, it allows estimation of 
total discharge entering lakes each time sampling occurred. 
 
Weather data 
We obtained weather data from http://www.ncdc.noaa.gov/cdo-web/ (accessed 12 
February 2015) for the King Salmon airport, Alaska, approximately 200 km from the eastern-
most corner of the TNWR (Fig 3.1). Ice-out dates of the study region for 2011 to 2013 were 
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inferred from data loggers we had deployed over-winter in select streams, while ice-out dates in 
2009 and 2010 were inferred from Arp et al. (2012) with adjustments, as described in Chapter 1. 
 
Estimates of salmon- and watershed-derived nutrient inputs to each lake 
We used the annual salmon run estimates and stream nutrient yields from this study to 
compare quantities of salmon- and watershed-derived N and P inputs each lake received on an 
annual basis. Each salmon contains up to 70 g N and 9.1 g P (calculated from Gresh et al. 2000). 
We multiplied these values by annual salmon run estimates (# of fish) for each lake in 2011, 
2012, and 2013 to obtain quantities of potentially available N and P (kg) salmon delivered to 
each lake in each year. To calculate watershed-derived inputs each lake received during the same 
period, we obtained average stream TN and TP yields (g ha-1 day-1) for each lake watershed in 
the spring and summer. These mean values were multiplied by the area of the corresponding lake 
watershed (ha) and the duration of the spring and summer seasons (91 days each) to obtain 
seasonal watershed inputs of N and P (kg). Assuming minimal allochthonous loading to lakes in 
the fall and winter, the spring and summer N and P inputs were summed to obtain annual totals 
of watershed-derived nutrient inputs entering each lake. Lastly, we summed annual totals of 
salmon- and watershed-derived N and P inputs (kg) across all watersheds from 2011 to 2013, and 
divided these values by three to obtain mean annual estimates of salmon- and watershed-inputs 
of N and P each lake received. 
 
STATISTICAL ANALYSES 
Initial analyses of lake chemistry data indicated that several variables were not normally 
distributed. Therefore, we used Spearman’s rank correlation analysis to examine the spatial 
patterns in the relationships among all lake chemistry, watershed topographic and lake 
morphometric variables, % alder cover, and salmon abundance. Lake chemistry variables 
included concentrations (g L-1) of TN, NOx, NH4, DON, TDP, and TP. Watershed metrics 
included watershed elevation, slope, area, drainage density, estimated discharge from the lake 
watershed, and relative catchment size (ratio of catchment area to lake volume: CA/LV). Lake 
morphometric variables included surface area, volume, maximum depth, perimeter, and ratio of 
lake length to depth (L/D). To avoid artificially inflating P-values from aggregating data across 
all seasons, Spearman Rank correlation analyses were run on all of these variables separately in 
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each season. To determine the relationships among watershed elevation, alder cover, and lake 
TN, we statistically controlled for the effects of watershed elevation on lake TN concentrations 
using partial correlation analysis (Dunn and Clark 1987). 
We constructed linear mixed models (LMMs) to analyze the effects of alder cover, 
salmon abundance, watershed and lake morphometry, and inter-annual weather changes on 
seasonal lake TN and TDP concentrations. We initially chose to model TN and TP, as they 
would have accounted for particulate N and P inputs from salmon. However, because results 
from our correlation and first round of LMM analyses demonstrated that TP concentrations were 
not significantly related to any of the variables we tested, we focused on modeling TDP 
concentrations instead. 
In total, nine weather variables were chosen based on hypotheses about how N-fixation 
by alder and lake P concentrations were most likely affected by weather. Two variables 
represented salmon abundance (annual salmon run estimates and salmon density), and initial 
correlation analyses identified certain physical watershed and lake features that were related to 
lake TN and TDP concentrations. Parameters for these physical features, salmon abundance, 
weather, and alder cover were included in the models as fixed effects. (See Tables B.3-6 for the 
complete list of variables investigated for each model). We excluded watershed elevation 
because of its high collinearity with alder cover. In all cases, we tested for temporal 
autocorrelation, found it to be insignificant, and thus excluded the relevant terms from the 
models. Spatial dependence was accounted for by including lake watershed as a random variable 
in the models. 
To enable direct comparisons of effect size, we log-transformed heavily skewed 
explanatory variables and standardized all variables to dimensionless units (z-scores) by 
subtracting the mean from each observation and dividing by the standard deviation. As the nine 
weather variables were inter-correlated, only three weather variables of full rank were required to 
represent all the weather data in the models derived for spring and summer lake TN and TDP 
concentrations. Any combination of this specific number of full-ranked weather variables in each 
model produced the same AIC values. For this reason, we used the following approaches to fit 
each model: 
 (1) For lake TN concentrations: First, we fit a full model that had terms for alder cover, 
three weather variables of full rank, and the interactions between each weather variable and 
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alder. Second, we included various combinations of the physical features and salmon abundance 
parameters in the model structure, and compared the AIC and BIC scores of all alternative 
models. Models with the lowest AIC and BIC scores were chosen as the ‘best’ ones. (See Table 
B.7 for the final models derived for lake TN concentrations). Third, separate LMMs were run for 
each of the nine weather variables, where each model included terms for alder cover, selected 
physical features, and salmon abundance, and the interaction between the weather variable and 
alder cover. 
 (2) For lake TDP concentrations: First, we fit a full model that had three weather 
variables of full rank. Alder cover was left out of these models because it was not related to lake 
TDP concentrations. Second, we used AIC and BIC scores to choose the set of physical features 
and salmon abundance parameters that gave these models the best fit. Third, we included 
interaction terms between the physical features and the weather variables in the model. (See 
Table B.7 for the final models derived for lake TDP concentrations). Fourth, separate LMMs 
were run for each of the nine weather variables, where each model included terms for the 
selected physical feature and salmon abundance, and the interaction between the weather 
variable and the physical feature. We used parametric bootstrapping to determine 95% 
confidence intervals (i.e., confidence region) for the effect of each parameter on lake TN and 
TDP concentrations. All LMM analyses were performed with the lme4 package in R version 
3.1.2. 
We compared variation in lake nutrients across space and time by estimating variance 
components for TN and TDP concentrations across watersheds, individual lakes, seasons, and 
years. Variance components analysis used lake TN and TDP concentration data collected from 
all study lakes across the entire study duration. To account for temporal dependence within the 
data, season was nested within lake watersheds, year was nested within season, and year was a 
separate parameter. All terms were included as random effects in the models. Maximum 
likelihood was used to estimate variance components (Scheiner and Gurevitch 2001). The ‘proc 
varcomp’ procedure in SAS was used to run these analyses. 
We used structural equation modeling (SEM) to quantify the relative magnitudes of direct 
and indirect pathways by which specific physical watershed features and weather parameters 
affect lake nutrient concentrations. SEM is a form of general linear and multivariate modeling 
that is used to test the fit of empirical data to a priori causal hypotheses regarding the functioning 
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of a system (Grace 2006). We constructed our initial hypothesized models using significant 
parameters identified from our mixed model analyses (Fig. B.1 and B.2). We then described the 
relationships between these variables as a series of linked, structural equations and tested the 
validity of them using two versions of our dataset; (1) a combined dataset, where data from both 
seasons were pooled and modeled together and (2) a divided dataset, where data from each 
season were modeled separately. In both datasets, stream TN concentrations were used to 
determine the latent variable titled ‘Alder-derived N leached from soil’. The resulting correlation 
matrices from the hypothesized models were evaluated for goodness of fit using the chi-square 
test, comparative fit index (CFI), and root mean square error of approximation (RMSEA). P 
values of the chi-square test statistic > 0.05 indicate that the model is consistent with the data 
(Grace et al. 2010). Good models also have a CFI > 0.85 and a RMSEA < 0.05. To meet the 
assumptions of multivariate normality, all data were standardized using z-scores. All SEM 
analyses were conducted using the lavaan package in R version 3.1.2. 
 
RESULTS 
Our study lakes span a wide range of elevation (10-351 m), alder cover (8-51.6%), and 
salmon density (0-14 fish m-3; Table 3.1). Watershed alder cover declined with increasing 
elevation (ρ = -0.81, P < 0.01; Fig. 3.2A) but was unrelated to slope (ρ = 0, P = 1). Relative 
catchment area (i.e., CA/LV) varied between 0.07 to 3.51, and was not related to elevation, 
slope, or alder cover (ρ = 0.37, -0.02, and -0.04, P > 0.2 for all). However, it was positively 
correlated with salmon density (ρ = 0.57, P < 0.01). 
In our lake-water samples, total N (TN) concentrations averaged 350 + 60 g L-1 (Table 
B.1). TN was dominated by NOx (210 + 20 g L-1), followed by DON (160 + 54 g L-1) and NH4 
(20 + 3 g L-1) Lake TN concentrations increased with % alder cover (ρ = 0.79, P < 0.05; Fig. 
3.2B) and decreased with watershed elevation (ρ = -0.77, P < 0.05). Statistically removing the 
effect of elevation weakened the relationship between alder cover and lake TN (ρ partial = 0.38, 
P < 0.01). Alder was the only significant driver of lake TN in the spring (β estimate = 0.58, P <      
0.05; Table 3.2). Catchment and lake morphometric variables, salmon abundance, and weather 
parameters were not related to lake TN. Growing season conditions interacted with alder to 
influence lake TN, as lake TN concentrations were higher in the spring following years with 
longer GSL (effect size = 0.14, P < 0.05). 
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Although the annual means of lake TN concentrations were similar across the duration of 
this study, TN concentrations were significantly higher in the spring than in the summer in 2012 
and 2013 (0.39 vs. 0.28 mg L-1 and 0.25 vs. 0.2 mg L-1 respectively, both t > 3, P < 0.05; Fig. 
3.3A and B.3). The same pattern occurred in 2011, but this difference was not statistically 
significant. Mean stream TN concentrations also displayed these temporal patterns, with similar 
values across years, and significantly higher values in the spring than in the summer in 2012 and 
2013 (0.50 vs. 0.30 mg L-1 and 0.28 vs. 0.25 mg L-1, both t > 2.14, P < 0.05; Fig. B.3). 
Across our study lakes, total P (TP) concentrations averaged 20.7 + 0.6 g L-1 and total 
dissolved P (TDP) averaged 3 + 0.17 g L-1 (Table B.1). TP was not related to alder cover (ρ = 
0.19, P = 0.48), salmon density (ρ = 0.13, P = 0.45), CA/LV (ρ = 0.09, P = 0.51), or any of the 
other variables we analyzed (Table B.2). In contrast, TDP concentrations were related to 
catchment area. Specifically, TDP concentrations were significantly higher in lakes with larger 
relative catchment areas (CA/LV > 1) than those with smaller catchment areas (CA/LV < 1; 3.29 
vs. 2.16 ug L-1, t = 2.19, P < 0.05; Fig. 3.4A; See Table B.8 for mean lake TDP concentrations). 
Lake TDP concentrations were not related to alder cover (ρ = -0.05, P = 0.64). 
In the spring, later ice-out dates increased lake TDP concentrations and higher numbers 
of growing degree days decreased lake TDP concentrations (β estimates = 2.77 and -4.02 
respectively, P < 0.05 for both; Table 3.2). In the summer, greater TDP occurred in lakes with 
higher salmon density (ρ = 0.64, P < 0.05; Fig. 3.4B). In the mixed models, only salmon density 
and relative catchment area were significant drivers of lake TDP concentrations (β estimates = 
0.32 and 0.42 respectively, P < 0.05 for both; Table 3.2) during this season. Growing season 
length weakly interacted with relative catchment size to exert positive effects on lake TDP 
(effect size = 0.23, P < 0.1). 
Although the annual means of lake TDP concentrations were similar throughout the 
study, TDP concentrations were higher in spring than summer in 2011 and 2013 (3.48 vs. 2.26 
g L-1 and 3.23 vs. 2.55 g L-1, respectively, both t > - 1.4, P < 0.06). TDP concentrations did not 
differ between summer and spring in 2012 (Fig. 3.3B and B.3). Seasonal patterns in mean lake 
TDP largely reflect those in mean stream TDP except during 2011, when mean stream TDP 
concentrations in the spring and summer were similar (Fig. B.3). 
None of our hypothesized structural equation models (SEMs) of lake TN and TDP 
concentrations fit our pooled data set (all chi-square > 1500, P-values = 0, CFI < 0.84, and 
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RMSEA > 0.09). Even after simplifying these models, the low CFI values (< 0.85) and small P- 
values (< 0.05) indicated significant differences between the modeled and observed data (see 
Fig. B.1 and B.2 for examples of these models). Developing separate SEMs for lake TN and 
TDP concentrations in different seasons was the only way to obtain models that adequately fit 
our data. 
The final seasonal models explained 73.8% of variation in lake TN in the spring (chi- 
square = 24.1 df = 16, P = 0.09, CFI = 0.92, RMSEA = 0.12) and 70% of variation in lake TDP 
in the summer (chi-square = 4.65, df = 2, P = 0.1, CFI = 0.92, RMSEA = 0.19; Fig. 3.5). In both 
seasons, watershed physical features were the dominant controls on lake nutrient concentrations 
(Fig. 3.5). In the spring, elevation and alder cover had the largest effects on lake TN 
concentrations (parameter estimates = -0.79 and 0.70 respectively, both P < 0.01). The path 
coefficient between the growing-season length of the previous year and quantities of alder-
derived N in the soil was also significant (parameter estimate = 0.39, P = 0.01). In the summer, 
catchment area had the largest effect on lake TDP concentrations (parameter estimate = 0.45, P < 
0.01; Fig. 3.5). In the mixed models, salmon had a significant impact on lake TDP in the summer 
(P < 0.05). However, in the summer SEM, including the path between relative catchment area 
and salmon density weakened the statistical significance of the path linking salmon density and 
lake TDP concentrations (P = 0.08; Fig. 3.5). 
Across all study lakes, the proportion of total variance in TN and TDP concentrations 
accounted for by temporal differences in seasons and years was small compared with spatial 
differences in physical watershed and lake features. Seasons and years accounted for 6.1% of the 
total variation in lake TN concentrations, whereas watersheds and lakes accounted for 93.9%. 
For lake TDP concentrations, seasons and years accounted for 15.5% of the total variation, 
whereas watersheds and lakes accounted for 84.5%. Focusing only on external nutrient sources 
to the study lakes, in an average year, salmon contribute only ~ 6% of annual N and 10% of 
annual P inputs lakes in the study region, whereas watersheds supply the remaining 94% and 
90% of N and P to these lakes (Table 3.4). 
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DISCUSSION 
Biotic and Abiotic Controls over the Spatiotemporal Patterns of Lake Nutrients 
Our study reveals distinct controls on nitrogen (N) and phosphorus (P) in freshwater 
systems across watersheds. Alder abundance was positively related to lake TN concentrations 
(Fig. 3.2B), and had greater effect on TN than weather and topographic variables in the mixed 
models (Table 3.2). Additionally, the paths linking alder cover and lake TN were among the 
strongest in our SEM model (Fig. 3.5). Although salmon was not the primary driver of lake TN 
in either season (Table 3.2), marine-derived nutrient (MDN) contributions from salmon supply a 
portion of N to these lakes. For example, in three out of the four study years, increased δ15N 
values of surface sediments in our study lakes corresponded to greater salmon densities (Hu et al. 
2013). In British Columbia and Alaska, elevated stream NOx and NH4 concentrations have also 
been documented in association with salmon spawning events (Johnston et al. 2004, Mitchell and 
Lamberti 2005). Despite these N inputs from salmon, results from this study provide direct 
evidence that alder exerts a greater impact than salmon on aquatic N availability in these 
ecosystems. 
In contrast to lake TN, variation in lake TDP was primarily driven by relative catchment 
area and salmon density. While salmon carcasses have been well-documented as a source of 
dissolved P in aquatic habitats (Chaloner et al. 2007, Janetski et al. 2009), catchment areas 
represent another important source of P through the weathering of bedrock and desorption of P 
from soils (Sharpley and Syers 1979, Schlesinger 1997). Because it is a ratio of areal drainage to 
lake volume, relative catchment area is also considered a proxy for lake water residence time 
(Tundisi and Straškraba 1999, Koiv et al. 2011). Larger catchment areas contribute more runoff 
to lakes, facilitating flushing and sediment re-suspension in lakes, and thereby promoting the 
release of sediment-bound P (Rasmussen et al. 1989, Brett and Benjamin 2008). Thus, 
watersheds potentially function as a source of allochthonous P and driver of internal P loading in 
these systems. The lack of any drivers of lake TP in our results may be due to particulates 
settling out of the water column before we obtained our water samples. Indeed, TP 
concentrations in the epilimnion vary strongly with the presence of macrophytes, and much of 
the long-term available P is often stored in lake sediments (Sas 1989, Carpenter 2005). Taken 
together, these results highlight that the entire watershed might be a more appropriate unit of 
focus for inland fisheries management than individual lakes or streams, which do not account for 
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terrigenous nutrient inputs or drivers of internal nutrient loading that potentially support fisheries 
production (see below). 
The relationship between relative catchment area and lake TDP exhibits threshold 
responses of TDP where relative catchment area exceeds approximately one (Fig. 3.4A; See 
Table B.8 for mean lake TDP concentrations). This is consistent with expectations given the way 
this variable is calculated, and how it is related to lake water residence time. Where the absolute 
size of the source area of P (catchment area) exceeds lake volume (CA/LV > 1), marked 
increases in lake TDP concentrations occur. Although smaller catchment areas (CA/LV < 1) still 
contribute P to lakes, the size of this source area, relative to lake volume, may be too small to 
induce significant increases in lake TDP concentrations. Relative catchment area is often 
inversely related to hydraulic residence time (Rasmussen et al. 1989, Brett and Benjamin 2008). 
Large watersheds, where the total contributing drainage area was greater than lake volume 
(CA/LV > 1), probably induced more than one lake flushing event, and thereby promoted the 
release of substantial quantities of P from lake sediments. In small watersheds (CA/LV < 1), 
reduced drainage from catchment areas may have only resulted in partial lake flushing, limiting 
the release of appreciable quantities of sediment-bound P. Consequently, larger watersheds are 
more influential in terms of determining lake P concentrations in our study system. 
Our finding that alder and salmon provide different nutrient subsidies demonstrates that 
alder-derived nutrients cannot buffer the productivity of freshwater systems from declining 
MDN. Because alder drives lake N, but not lake P availability, increasing quantities of alder- 
derived nutrients would do little to augment freshwater productivity in the context of declining 
quantities of P from diminished salmon abundance. Furthermore, abundant watershed alder 
cover can exacerbate P-limitation in aquatic habitats. For example, in a companion study 
conducted in the same watersheds, increased N loading from alder elevated stream DIN:TP 
(Chapter 1). This pattern is in accord with reduced DIN:TP documented in high-latitude lakes 
that have sparse watershed alder cover. For example, Toolik Lake, AK, has approximately 75% 
less DIN and similar quantities of TDP compared to our study lakes, resulting in a DIN:TP three 
times smaller than our study lakes (8.91 vs. 29.9; Table 3.3). In sub-arctic Canadian lakes that 
have approximately 20 times less the amount of DIN and three times the amount of TP compared 
to our study lakes, DIN:TP is 0.73 (Table 3.3). Thus, as climate-induced alder proliferation in the 
tundra continues, freshwater ecosystem productivity may become increasingly constrained by P 
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loading from salmon runs. Aquatic productivity in lakes with relatively small catchment sizes 
will be particularly vulnerable to reduced salmon population sizes. 
In addition to the effects of alder, salmon, and relative catchment area, our results suggest 
seasonal drivers of peak N and P availability in our study system. In the mixed models, alder 
only drove lake N in the spring, while catchment area and salmon only drove lake P in the 
summer (Table 3.2). Moreover, separately modeling our lake chemistry data by seasons was the 
only way to obtain valid SEMs. In alder-dominated systems, maximum N content in receiving 
waters typically occurs in the spring, as a result of snowmelt-flushing of mineralized N into 
streams (Chapter 1, Shaftel et al. 2012). This was evidenced by temporal variation in stream TN 
concentrations (Fig. B.3). In the summer, lake TDP was partly driven by salmon spawning 
events. Although seasonal patterns of stream TDP largely mirrored those of lake TDP (Fig. B.3), 
lake TDP was only driven by catchment area in the summer, suggesting internal loading of P. 
Seasonal variations in hydrology and temperature have often explained changes in, and the 
predictive power of land-water nutrient relationships (Johnson et al. 1997, Hayes et al. 2015). 
Given the seasonal differentiation of N and P transformation and delivery mechanisms suggested 
by our data, the efficacy of nutrient addition practices commonly used to replace lost MDN in 
salmon- bearing watersheds will likely vary with timing. Because the phenology of key life-
stages of consumers across multiple trophic levels is tightly coupled with that of peak nutrient 
loading in aquatic systems (Malmaeus et al. 2006, Weyhenmeyer et al. 2013), ecosystem 
productivity could benefit more if the phenology of peak N and P loading associated with these 
nutrient mitigation practices matches that of natural systems. 
 
Implications for fisheries management 
Although the impacts of proximate controls (alder and salmon) on resulting aquatic 
nutrient availability are well known, the underlying controls on their effect sizes have received 
little attention (but see Chapter 1, Janetski et al. 2009, Rüegg et al. 2012), possibly due to the 
relative scarcity of broad-scale data on the impacts of alder and salmon in freshwater systems. 
Our study is particularly well suited to address this limitation because the sampling design 
provides unusually broad-scale spatial (26 streams and 13 lakes within a ~16,000-km2 region) 
and temporal coverage (six seasons over three years). We capitalized on these characteristics to 
determine that watershed physical features were most important factors driving long-term 
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nutrient dynamics in these systems. Although seasonal and inter-annual variations in weather 
influenced lake nutrients, these temporal fluctuations were relatively small compared to spatial 
variation across watersheds and lakes. Indeed, by controlling the magnitude of peak nutrient 
loading, watershed elevation and area dictate the ultimate fate of aquatic nutrient regimes, and 
thus drive long-term ecosystem productivity. Accordingly, our results emphasize the need to 
understand nutrient dynamics of the entire catchment by demonstrating that the most important 
factor controlling lake N and P availability across broad spatial and temporal scales is not the 
amount of alder cover on the landscape, nor salmon run size, but instead the patterns of 
catchment topography and morphometry that drive the magnitude of these resource subsidies and 
mediate long-term nutrient levels in aquatic habitats. This conclusion is particularly important 
for freshwater systems in the tundra, given their prevalent oligotrophy (Levine and Whalen 2001, 
Symons et al. 2012) and dependence on watershed-derived inputs to support their nutrient 
budgets (Hobbie and Laybourn-Parry 2008). 
The conventional paradigm regarding the impacts of salmon on aquatic systems is 
dominated by a bottom-up model, also known as the salmon fertilization hypothesis, in which 
MDN subsidies of N and P increase in situ-primary productivity, which in turn subsidize upper 
trophic levels including prey that support recruitment of juvenile salmon (Stockner 2003, 
Claeson et al. 2006). Our results suggest that this hypothesis leads to substantial underestimation 
of the role watersheds play in terms of maintaining nutrient levels and supporting salmon 
production, particularly in regions where alder is abundant and relative catchment area is large. 
Using documented salmon escapement numbers and stream nutrient yields from the entire study, 
our estimates imply that in an average year, salmon contribute approximately 6% and 10%, while 
the watershed contributes over 80% of annual allochthonous N and P inputs to lakes in 
southwestern Alaska (Table 3.4). Although such estimations are undoubtedly inaccurate given 
the spatial and temporal heterogeneity of nutrient cycling in our vast study region, it illustrates 
that catchments can partially compensate the nutrient budgets of freshwater systems for declining 
salmon populations. Accordingly, maintaining the integrity of terrigenous nutrient fluxes from 
the watershed is key to sustaining large salmon populations in aquatic habitats. This lends 
credence to the meta-ecosystem perspective, which highlights the ways in which flows of energy 
and material across different ecosystems structure processes and dynamics in individual 
ecosystems (Loreau et al. 2003, Gounand et al. 2017). The burgeoning field of ecosystem-based 
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fisheries management (EBFM) is related to the meta-ecosystem perspective in the sense that 
instead of focusing on individual fish species and their immediate habitats, EBFM prioritizes 
sustaining the health of entire ecosystems that support these fish populations (Pikitch et al. 2004, 
Fogarty and Rose 2014). This management approach ultimately benefits the key ecosystem 
service these systems provide, namely productive fisheries (Kruse et al. 2012, Collie et al. 2016). 
More studies like this one could be used to inform the management of fisheries on a meta- 
ecosystem scale and implementation of EBFM in inland fisheries currently experiencing 
productivity declines in key species. 
Our study reveals that alder is the primary driver of lake N, while catchment area and 
salmon determine lake P, and that physical catchment features ultimately determine the 
magnitude of peak N and P loading from these nutrient sources to lakes. These conclusions have 
key implications for fisheries management in northern regions, where climate-induced alder 
proliferation is occurring (Tape et al. 2006, 2012). Because increased alder cover exacerbates 
aquatic P-limitation, salmon-derived nutrients may potentially constrain freshwater productivity, 
particularly in small watersheds. Along the Pacific Northwest coast of the United States, 
although some recent efforts to replace salmon-derived nutrients in freshwater systems have 
achieved encouraging results in terms of increasing food web productivity (Marcarelli et al. 
2014, Collins et al. 2016), matching the timing of these resource additions to the phenology of 
peak nutrient loading in natural ecosystems may further optimize aquatic productivity (Collins et 
al. 2015). Finally, our results show the substantial contribution of watershed-derived nutrient 
inputs to salmon nursery habitats, thereby revealing that previous estimates of long-term nutrient 
budgets in salmon-bearing watersheds have likely overestimated the fertilization potential of 
salmon in their natal habitats. Predicting the long-term trajectory of inland fisheries during this 
period of rapid ecological change thus necessitates accounting of terrestrial pathways to and 
internal processes of nutrient delivery in freshwater systems. 
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FIGURES AND TABLES 
 
Table 3.1. Physical properties of the 13 study lakes and their watersheds in south-west Alaska. 
 
 
Lake name 
Maximum 
lake depth 
(m) 
Mean 
watershed 
elevation 
(m) 
Mean 
watershed 
slope (°) 
Relative 
catchment 
area (CA/LV) 
Mean 
estimated 
discharge from 
lake watershed 
(m3/s) 
Watershed 
alder 
cover (%) 
Mean salmon 
density (# 
salmon/lake 
volume) 
Gechiak 22 101 16.1 3.21 3.6 41.5 2.3 
Goodnews 40 123 15.0 2.93 11.1 28.0 3.7 
High 56 262 25.6 0.58 5.3 22.4 0 
Kagati-Pegati 51 317 12.7 1.54 8.9 8.0 4.6 
Little Togiak 60 12 21.6 0.40 5.9 51.6 2.1 
Nagugun 58 285 16.6 0.35 4.0 20.6 0 
Nenevok 32 351 17.0 2.44 2.5 18.2 1.5 
Nunavaugaluk 
(Snake) 
160 10 11.7 0.07 2.1 45.4 0.2 
Ohnlik 43 351 19.5 0.86 2.4 13.2 1.2 
Ongivinuk 12 163 20.1 3.51 3.2 49.5 13.6 
Pungokepuk 17 69 10.4 3.51 9.2 30.3 2.2 
Togiak 146 67 18.3 0.56 48.8 26.6 0.6 
Ualik 18 16 10.8 0.15 8.0 39.3 2.1 
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Table 3.2. Standardized parameter estimates from the models derived for lake total nitrogen 
(TN) and total dissolved phosphorus (TDP) concentrations in the spring and summer. Boldface 
denotes significant parameters at P < 0.05. Lower and upper bounds of 95% CI of mean 
parameter estimates are listed in Tables B.9-12. #Total numbers of salmon were used in the 
models of TN concentration, while salmon density (number of salmon/lake volume) were used 
in the models of TDP concentrations. ##AGSL and sum of GDDs from the previous year were 
used in analyses of spring data, while AGSL and sum of GDDs from the current year were used 
in analyses of summer data. 
 
 TN concentrations TDP concentrations 
Parameter Mean 
parameter 
estimate 
(Spring) 
Mean 
parameter 
estimate 
(Summer) 
Mean 
parameter 
estimate 
(Spring) 
Mean 
parameter 
estimate 
(Summer) 
Alder cover 0.58 0.25 -- -- 
Salmon# -0.29 0.21 -0.09 0.32 
Catchment area/Lake volume (CALV) -- -- 0.37 0.42 
Lake length/depth -- 0.14 -- -- 
Lake depth -- -0.03 -- -- 
Estimated discharge from lake 
watershed 
 
-- 
 
-- 
 
-- 
 
-- 
Growing season length (GSL) -1.18 -1.25 1.09 -1.72 
Sum of growing degree days (GDD) 2.18 10.8 -4.02 9.3 
Ice-out date -1.99 -- 2.77 -- 
Mean summer temp. - mean spring 
temp. 
 
-- 
-8.4  
-- 
-7.1 
Alder cover*AGSL## 0.8 -1.17 -- -- 
Alder cover*GDD## -1.38 4.62 -- -- 
Alder cover*Ice-out date 1.19 -- -- -- 
Alder cover*(Mean summer temp. - 
mean spring temp.) 
 
-- 
-3.94  
-- 
 
-- 
CALV*AGSL## -- -- 0.23 0.08 
CALV*GDD## -- -- -0.5 0.7 
CALV*Ice-out date -- -- 0.56 -- 
CALV*(Mean summer temp. - mean 
spring temp.) 
 
-- 
 
-- 
 
-- 
-0.47 
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Table 3.3. Lake chemistry data from other studies conducted in tundra regions. 
 
 
Parameter 
Togiak National 
Wildlife Refuge 
(this study) 
Sub-Arctic lakes, Northern 
Manitoba, Canada 
Umbanhowar et al. (2014) 
Toolik Lake, AK 
Whalen and Cornwell 
(1985) 
TN (mg L-1) 0-0.98 Not reported 0.17-0.71 
NO3
-  (mg L-1) 0-0.81 0-0.04 0-0.20 
NH4
+  (g L-1) 0-88.2 0.2-33.3 0-5.04 
DON (mg L-1) 0-0.68 131.4-578.8 0.15-0.42 
TDP (g L-1) 0.34-7.51 0-18.4 2.79-18.3 
TP (g L-1) 13.8-30.9 6.6-101.6 3.72-23.9 
DIN:TP 0-29.93 0-0.73 0-8.91 
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Table 3.4. Inputs of nitrogen (N) and phosphorus (P) from salmon and watersheds to the study lakes in an average year. 
 
Lake Mean N 
inputs from 
salmon 
Mean P 
inputs from 
salmon 
Mean N inputs 
from the 
watershed in 
spring and 
summer 
Mean P inputs 
from the 
watershed in 
spring and 
summer 
Mean salmon 
contribution 
of total N 
inputs 
Mean salmon 
contribution 
of total P 
inputs 
 (kg) (kg) (kg) (kg) (%) (%) 
Gechiak 271.86 35.34 43917.66 1032.45 0.62 3.31 
Goodnews 2276.63 295.96 37778.49 3693.58 5.68 7.42 
High 0 0 14133.23 1687.54 0 0 
Kagati 3746.12 487.00 14999.63 3365.72 19.98 12.64 
Little Togiak 2620.19 340.63 31313.18 1310.21 7.72 20.63 
Nagugun 0 0 2899.34 791.21 0 0 
Nenevok 201.04 26.14 4866.80 1330.91 3.97 1.93 
Ohnlik 403.88 52.50 1715.72 639.48 19.05 7.59 
Ongivinuk 721.75 93.83 11926.35 630.60 5.71 12.95 
Pungokepuk 336.30 43.72 28223.37 992.15 1.18 4.22 
Snake 3696.37 480.53 100798.44 3435.91 3.54 12.27 
Togiak 8964.48 1165.38 253206.31 21395.31 3.42 5.17 
Ualik 14046.53 1826.05 83476.20 2454.58 14.40 42.66 
Total 37285.15 4847.07 629254.73 42759.64 5.59 10.18 
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Figure 3.1. Location and names of the 13 study lakes in the Togiak National Wildlife Refuge 
(TNWR). Watersheds are shaded by percent alder cover. Inset shows the location of the 
TNWR and where we obtained the weather data used in our analyses (King Salmon) within 
Alaska. 
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Figure 3.2. (A) Relationship between alder cover and watershed elevation across all study 
watersheds. (B) Relationship between alder cover and lake total nitrogen concentrations. Points 
indicate mean values and bars indicate standard error. ** P < 0.01 
(A) 
ρ = - 0.81** 
(B) 
ρ = 0.79** 
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Figure 3.3. Time series of (A) lake total nitrogen and (B) total dissolved phosphorus 
concentrations over the study duration. 
(A) 
(B) 
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Figure 3.4. Effects of (A) relative catchment area (catchment area/lake volume) and (B) salmon 
density on lake total dissolved phosphorus concentrations. * P < 0.05 
ρ = 0.64* 
 *  
(A) 
(B) 
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Figure 3.5. Final structural equation models representing the spatial and temporal drivers of lake nutrients. The spring 
season model explained 73.8% of variation in lake total nitrogen (TN) concentrations (chi-square = 24.1, df = 16, P = 0.09). 
The summer season model explained 70% of variation in lake total dissolved phosphorus (TDP) concentrations (chi-square = 
2, df =7, P = 0.96). Boxes signify observed variables and ovals represent latent variables in the model. Stream TN 
concentrations were used to determine the latent variable titled ‘Alder-derived N leached from soil’. Numbers associated 
with paths are based on standardized correlations, obtained using maximum likelihood estimation. Arrow thickness reflects 
strength of the connections. All variables were standardized.  * P < 0.01, ** P < 0.05, and #P < 0.1. 
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CHAPTER 4: EFFECTS OF ALDER- AND SALMON-DERIVED NUTRIENTS ON 
AQUATIC MICROBIAL COMMUNITY STRUCTURE AND METABOLISM IN SUB-
ARCTIC LAKES 
 
ABSTRACT 
 Nitrogen (N)-fixation by alder (Alnus spp.) and Pacific salmon (Oncorhynchus spp.) 
provide key nutrient subsidies to freshwater systems. In southwestern (SW) Alaska, alder is a 
prevalent constituent of the regional vegetation. This region also supports the greatest salmon 
densities in the world. The relative importance of alder-derived nutrients in the region is 
expected to increase because shrub cover is expanding in response to climate warming. Also, 
salmon declines from commercial harvest and habitat degradation are reducing marine-derived 
nutrients (MDN) in salmon-spawning habitats. We analyzed the impacts of gradients in alder 
cover and salmon abundance on lake chemistry, bacterial community structure, and microbial 
metabolism from 13 lakes in the Togiak National Wildlife Refuge, SW Alaska, from 2012-2013. 
We also conducted bioassay experiments to determine microbial nutrient limitation and factors 
modulating microbial response to nutrient inputs. Results show that seasonal shifts in bacterial 
community composition (F = 7.47, P < 0.01) were related to changes in lake N and phosphorus 
(P) concentrations (r2 = 0.19 and 0.16, both P < 0.05), and putrescine degradation (r2 = 0.13, P = 
0.06), suggesting the influx and microbial utilization of MDN. Temporal and spatial patterns in 
salmon abundance were also associated with increased microbial metabolism. In contrast, alder 
cover was not related to microbial metabolic activity, likely because alder-derived N provided 
less resource diversity than MDN. In response to nutrient additions, greater substrate utilization 
occurred among microbial communities from lakes with elevated Chl a concentrations (β 
estimates for +N, +P and +NP treatments = 0.78, 0.92, 0.81 respectively, all P < 0.07) and large 
relative catchment areas (β estimates for +N, +P and +NP treatments = 0.57, 0.54, 0.53 
respectively, all P < 0.05) in the spring. These findings demonstrate that ongoing shifts in the 
quantities of alder- and salmon-derived nutrients are likely to affect aquatic microbial 
community structure and metabolic activity, but that ambient watershed and lake features will 
potentially mediate these responses to nutrient loading. 
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INTRODUCTION 
 Anthropogenic influences are dramatically changing the magnitude and composition of 
allochthonous nutrient loading to freshwater systems in high latitude regions. Climate warming 
has facilitated widespread shrub expansion in tundra regions in recent decades (Tape et al. 2006, 
Tape et al. 2012), and this trend is expected to continue during the next century (Pearson et al. 
2013). Alder (Alnus spp.) is a major component of shrub vegetation in the tundra that fixes 
nitrogen (N) (Myers-Smith et al. 2011). Alder-derived N has been associated with significant 
increases in dissolved N and primary productivity in a variety of freshwater systems (Goldman 
1961, Compton et al. 2003). Besides alder, salmon (Oncorhynchus spp.) also provide important 
allochthonous nutrient subsidies to freshwater systems in northern latitudes. Salmon accrue over 
70% of their biomass in the ocean, and upon migration to their natal habitats where they spawn 
and die, release hundreds of metric tons of marine-derived nutrients (MDN) to aquatic habitats 
(Naiman et al. 2002, Schindler et al. 2003). In the last century, overharvesting, habitat 
destruction, and water pollution have led to drastic population declines in wild salmon 
populations (Ruckelshaus et al. 2002). In Alaska, the quantities of MDN salmon returned to 
inland waters have decreased by 66% (Schindler et al. 2005). Alder often grows upslope from 
salmon-spawning habitats and may buffer the nutrient and productivity regimes of these 
freshwater systems from declining quantities of MDN. Although the effects of alder and salmon 
on aquatic nutrient concentrations have been well documented (Compton et al. 2003, Janetski et 
al. 2009), their relative impacts on microbial community structure and metabolic activity remain 
unknown. 
 Microbial community structure and metabolism drive fundamental biogeochemical 
processes, such as nutrient cycling. In freshwater systems, bacterial communities re-mineralize 
nutrients and supply vitamins to primary producers (Danger et al. 2007, Ramanan et al. 2016). 
Conversely, autotrophs are a major source of carbon for microbial communities. These 
communities process ~ 50% of the carbon autotrophs produce, respiring it as CO2, or converting 
it into biomass, which fuels aquatic food webs (Buchan et al. 2014). Because microbial groups 
vary in their metabolic capabilities, changes in the presence and activity of specific taxa often 
influence community function and resultant ecosystem processes, including nutrient cycling 
(Lennon and Cottingham 2008). The high growth rates typical of microbial groups (e.g. 
phytoplankton and bacteria) render them particularly sensitive to external changes, compared to 
77  
macroscopic aquatic organisms (Eilers et al. 2000, Wang et al. 2006). Such subtle changes in 
these microbial compartments at the base of the food web can be amplified through higher 
trophic levels, ultimately impacting system-wide productivity (Sarmento et al. 2010). Thus, an 
understanding of the effects of alder- and salmon-derived nutrients on microbial community 
structure and metabolic activity would help to evaluate the extent to which increases in alder-
derived nutrients (ADN) can buffer freshwater systems from declining MDN, and enhance our 
ability to predict ecosystem response to future changes in salmon abundance and shrub cover in 
tundra regions. 
 In aquatic systems, nutrient availability is a principal regulator of microbial community 
structure and function (Hulot et al. 2000, Paerl et al. 2003). Because microbial groups exhibit 
different capabilities for utilizing different substrates, modifications in nutrient loading can select 
for certain groups, thereby altering community structure and resulting function (Cottrell and 
Kirchman 2000, Judd et al. 2006). Particularly extreme alterations in microbial assemblage and 
metabolic performance occur when variations in resource availability change the nutrient status 
of a system. For example, experimentally inducing phosphorus (P) limitation in microcosms 
increased the abundance of bacteria relative to other functional groups, due to their superior 
competitive ability for P (Danger et al. 2007a). Under these conditions, nutrient-stressed algae 
also increased carbon exudate production, thereby fueling bacterial respiration (Danger et al. 
2007b). Recent studies document exacerbated P-limitation in association with increased N- 
loading from alder cover in aquatic systems (Chapter 1), whereas temporary alleviation of 
nutrient limitation has been linked to MDN from salmon (Holtgrieve and Schindler 2011). Thus, 
in addition to determining the impacts of alder and salmon on microbial community structure and 
metabolism, elucidating their effects on microbial nutrient limitation would identify their ability 
to fundamentally alter energy flow and nutrient cycling in these systems. 
 Microbial responses to nutrient loading can be modulated by biotic and abiotic factors. In 
high-elevation lakes, interactions with phytoplankton populations can modify bacterial 
community assemblage and abundance in response to seasonal shifts in external nutrient inputs 
(Paver et al. 2013). Because of the energetically expensive process of assimilatory nitrate 
reduction, additions of inorganic N can only increase aquatic bacterial production when 
sufficient carbon supplies are available (Davidson et al. 2007). Under N and P additions, higher 
water temperatures accelerate biochemical reactions and substrate affinity, resulting in elevated 
78  
bacterial production and modified community structure (Adams et al. 2015). Because variations 
in ambient lake conditions can induce different microbial responses to the same nutrients, 
evaluating the relative impacts of alder and salmon on microbial community structure and 
metabolism also requires identification of the drivers underlying microbial responses to these 
nutrient inputs. 
 This study sought to determine the impacts of alder and salmon on microbial community 
structure, metabolism, and nutrient limitation, and the factors modulating microbial response to 
nutrient loading. To achieve these objectives, we characterized spatial and temporal patterns in 
the composition and function of microbial communities in 13 lakes covering broad gradients in 
alder cover, salmon abundance, and watershed morphometry in southwestern Alaska over a two-
year period. We also conducted bioassay experiments with microbial communities to determine 
if the communities were N, P, or co-limited. Southwestern Alaska is well-suited for this study 
because of its wide ranges of alder cover and salmon abundance. Previous studies (Chapters 2 
and 3) revealed that the N budgets of lakes in this area are largely dependent NOx inputs from 
alder in the spring, whereas the P budgets are dependent on nutrient loading from catchment 
areas and salmon in the summer (Chapter 3). This study is the first assessment of the sensitivity 
of aquatic microbial community structure and metabolism to gradients in alder and salmon 
abundance. Overall, this research represents an essential step towards understanding how 
anthropogenically-driven changes in nutrient loading will impact freshwater microbial 
communities in high latitude regions. 
 
METHODS 
 
Study area and sampling design 
 Water samples were collected in 2012 and 2013 from 13 lakes within the Togiak National 
Wildlife Refuge (TNWR) in southwest Alaska, which is located at the junction of the Bristol and 
Kuskokwim Bays of the Bering Sea (Fig. 4.1). These lakes were selected because they span large 
gradients in alder cover, salmon abundance, and watershed characteristics (Table 4.1). Further 
details on the regional features of the study area are given in Chapter 3. Integrated epilimnion 
samples were collected from all 13 lakes in the spring, before the annual salmon spawning event, 
and in the summer, immediately after the spawning event, in 2012 and 2013. Water samples 
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were collected from the middle of the lakes using a Van Dorn sampler. For lake chemical 
analyses, water samples were acid-preserved and frozen within 24 h of sampling. For microbial 
analyses, water samples for ARISA processing were immediately filtered, and the filters were 
frozen until analysis. Water samples for the Biolog plates were refrigerated at 4 °C prior being 
used in the incubations (see below). 
 
Chemical and biological analyses 
 DOC concentrations were measured on an OI 1010 TOC analyzer. Total Dissolved N 
(TDN) and NOx concentrations were analyzed with cadmium, and NH4 concentrations were 
determined with phenolate, following standard methods (see Chapter 3). Dissolved organic 
nitrogen (DON) was calculated as TDN minus dissolved inorganic N (DIN; NOx + NH4) and set 
to zero if it was a negative value (sensu Compton et al. 2003). Total Dissolved Phosphorus 
(TDP) concentrations were analyzed after peroxdisulfate digestion (see Chapter 3). Total N (TN) 
and total P (TP) concentrations were analyzed using acid-preserved, unfiltered water samples. 
Samples were analyzed for TN via combustion catalytic oxidation, whereas TP was measured 
after persulfate and alkaline persulfate digestions following standard protocol (see Chapter 3). 
Samples for Chl a were filtered through Whatman GF/C glass fiber filers (0.7 um) within 2h of 
collection and then extracted in 90% methanol in the dark for 24h. Chl a concentrations were 
measured with a Turner Designs TD-700 fluorimeter as described by Welschmeyer (1994). 
 
Geographical analyses 
 Watershed boundaries were delineated, and watershed area, and mean watershed 
elevation and slope were calculated in ArcGIS 9.3.1 (ESRI, Redlands, CA) using a 30-m digital 
elevation model (DEM) originating from the USGS’s National Elevation Dataset (ned.usgs.gov). 
Drainage density for each watershed was calculated by dividing the total length of streams within 
each watershed by the watershed area. Surface area, volume, elevation, and maximum depth for 
all 13 study lakes were obtained by digitizing and geo-referencing previous TNWR lake 
bathymetric maps in ArcGIS 9.3.1 (ESRI, Redlands, CA) (Lowe et al. 2013). The ratio of lake 
length to depth (L/D) was calculated by dividing the longest straight-line distance across each 
lake by its maximum depth. 
 During each season, we measured stream discharge rates in one to three streams per lake 
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watershed. To estimate discharge entering each lake from the entire watershed, the discharge 
rates from all streams in each lake watershed were divided by their respective stream watershed 
areas. Then, we averaged these stream discharge values to obtain one value for each lake 
watershed, and multiplied this average value by the entire lake watershed area. Although this 
calculation assumes that the average rate of stream discharge is constant over the entire lake 
watershed, it allows estimation of total discharge entering lakes each time a sample was 
collected. More details on these measurements and calculations can be found in Chapter 3. 
 To classify landcover in the region, we used Landsat images from August 1989 and June 
2009, and Erdas Imagine (Congalton 1991). We determined percent alder cover within each 
watershed by dividing the number of shrub alder pixels (defined as having > 60% of the 30m 
pixel in alder) by the total number of pixels within the watershed boundary. Accuracy 
assessments of this landcover classification were completed in 2011 and 2012, as described in 
Chapter 3. 
 To characterize salmon abundance, we performed aerial salmon surveys annually in each 
of the study lakes supporting spawning salmon (n = 11). Aerial salmon counts were performed at 
all study lakes in late August through mid-September. Surveys were conducted with the same 
observer (T.S.) in all years in a Robinson R-44 helicopter flying at 10-20 m height above water 
and at 40-60 kph speed, following the methods of the Alaska Department of Fish and Game 
(ADFG 2002) and additional protocol as described in Chapter 3. As larger salmon populations 
inhabit lakes with large volume, we normalized salmon abundance values by calculating salmon 
density (final annual run estimate for each lake/lake volume) and used it as a second indicator of 
salmon abundance. 
 
Bacterial community composition 
 Bacterial community composition was analyzed using Automated Ribosomal Intergenic 
Space Analysis (ARISA; Fisher and Triplett 1999) as described by Kent et al. (2007). DNA was 
collected by filtering ~2 L of the integrated epilimnion samples through a 0.2 m filter (Supor- 
200; Pall, Port Washington, NY, USA). Filters were frozen immediately and stored at -80°C 
until DNA extraction using FastDNA Spin Kits (MP Biomedicals, Solon, OH, USA). The 16S- 
23S rRNA intergenic spacer region was PCR-amplified from 20 ng of each DNA sample with 6- 
FAM labelled, universal 16S rRNA primer 1406f (5′-TGYACACACCGCCCGT-3′) and 23Sr 
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(5′-GGGTTBCCCCATTCRG-3′) that targeted the bacterial 23S rRNA gene. PCR used 1 mM 
deoxynucleoside triphosphates (Promega, Madison, WI, USA), 0.4 M of each primer, PCR 
buffer with 25 mM MgCl2 (Idaho Technology, Salt Lake City, Utah, USA) and 0.05 U l-1 
GoTaq (Promega). PCR cycles had an initial denaturation at 94 °C for 2 min, followed by 30 
cycles of 94 °C for 35 s, 55 °C for 45 s, and 72 °C for 2 min, with a final extension carried out at 
72 °C for 2 min, and were carried out using an Eppendorf MasterCycler Gradient (Eppendorf 
AG, Hamburg, Germany). Fluorescently labelled ARISA PCR amplicons were combined with a 
custom 100–1250 bp Rhodamine X-labelled internal size standard (Bioventures, Murfreesboro, 
TN) and analyzed by the Keck Center for Functional Genomics at the University of Illinois via 
denaturing capillary electrophoresis using an ABI 3730XL Genetic Analyzer (Applied 
Biosystems, Carlsbad, California, USA). 
 Size calling, profile alignment, and grouping peaks from raw ARISA data into bins of 
operational taxonomic units were carried out using GeneMarker (v 2.2.0, SoftGenetics, State 
College, PA, USA). Bins were manually corrected to remove any overlap between bins and 
delete bins created by spurious peaks. Fragments of less than 300 bp were excluded from the 
analysis. To include the maximum number of peaks while excluding background fluorescence, a 
threshold of 500 fluorescence units was used. The signal strength of each peak was normalized to 
account for run-to-run variations in signal detection by dividing the area of individual peaks by 
the total fluorescence (area) detected in each profile. After processing, the sample-by-OTU data 
matrix was exported for statistical analysis. 
 
Assessing microbial community metabolism 
 Community-level metabolism was measured as substrate utilization capacity. 
Specifically, physiological profiles were assessed using the Biolog EcoPlateTM (Biolog Inc., 
Hayward, CA). Each EcoPlate contains three replicated wells of 31 carbon sources and three 
negative controls with no substrate. Metabolism of the carbon source results in the respiration- 
dependent reduction of a tetrazolium dye contained in each well in formazan, which induces the 
formation of a purple coloration and increases the optical density (OD) of the solution. The wells 
of the Biolog plates were inoculated with 150 L of unfiltered lake water from each lake. Plates 
were incubated at 8 °C in the dark to mimic average ambient lake epilimnion temperatures, as 
calculated using survey data collected by the TNWR (MacDonald 1996). The OD590nm was 
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measured every 24 h for 14 days using a multi-well plate reader. We used the net absorbance 
values on the 14th day in the following analyses. Values of the respective control well were 
subtracted, and negative values that occurred were set to zero. The average well color 
development (AWCD) was calculated for each plate as AWCD = Σ (c-r)/n, where c is the raw 
OD value from each well, r is the OD value of the control well, and n is the number of wells in 
each plate (Garland and Mills 1991). To reduce the bias of different inoculum densities across 
individual plates, the OD value of each well was divided by the AWCD value of each plate. 
Community metabolic diversity (CMD) of each plate was determined by the number of carbon 
sources whose corrected and normalized OD was > 0.25 (Garland 1996). 
 
Bioassay experiment 
To determine whether N or P limited microbial metabolic activity, and the factors 
modulating this response to nutrient additions, bioassays were performed during the spring and 
summer of 2013. Treatment of Biolog plates with unfiltered lake water as described above was 
used as the control (no nutrient additions) for each lake. In addition to this control, three 
treatments were administered to unfiltered sample water from each lake: N addition (+N), P 
addition (+P), and N and P addition (+NP). N was added as KNO3 and P was added as 
K2HPO4.3H2O. The final concentrations of N (1.34 mg L
-1) and P (16 g L-1) in our bioassay 
experiment were five times mean ambient lake NO3 + NH4-N (0.28 mg L
-1) and TDP (3.2 g L-1) 
concentrations, which is consistent with other bioassay experiments conducted in oligotrophic 
lakes (Morris and Lewis 1988, Whalen and Cornwell 1985, Levine and Whalen 2001, Bergstrom 
et al. 2008). 
Individual Biolog plate substrates in the control and nutrient treatments were assigned to 
chemical guilds: polymers, carbohydrates, carboxylic acids, amino acids, amines, and phenolic 
compounds (Choi and Dobbs 1999). Analyses were conducted on the substrates and on the 
guilds. To compare OD values across guilds, guilds were equally weighted to the largest one 
(carbohydrates) as described by Leflaive et al. (2008). This weighting was done by calculating a 
correction factor for each guild. These correction factors were obtained by dividing the number 
of substrates in the largest guild (carbohydrates) by the number of substrates in each guild. Then, 
the sum of the OD of the substrates belonging to each guild was multiplied by its respective 
correction factor. To compare bacterial community activity across nutrient treatments, the data 
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on each treatment obtained as described above were divided by their sum, resulting in values 
between 0 and 1. 
 
Statistical analyses 
To visualize patterns in community composition, we conducted non-metric 
multidimensional scaling (NMDS) using Bray-Curtis similarities. Relationships among 
community composition, alder cover, salmon abundance, lake chemistry, and lake and watershed 
morphometry were examined by fitting these environmental vectors onto the NMDS ordination 
space using the vegan function ‘envfit’ (See Table C.1 for a list of all the environmental vectors 
used). The significance of the fitted vectors was assessed using a permutation procedure (1000 
permutations) (Oksanen et al. 2008). To identify patterns in microbial metabolic profiles, we 
used Principal Components Analysis (PCA) with a Euclidean distance matrix. To test for 
differences in microbial community composition and metabolic activity among lakes, and 
between seasons and years, we used the permutational multivariate analysis of variance 
(PERMANOVA; Anderson 2001) implemented with the adonis function in ‘vegan’. We also 
used the PERMANOVA function to test for significant differences in microbial substrate 
utilization profiles across the different nutrient treatments. All NMDS, PCA, and PERMANOVA 
calculations were done in the R statistical environment (v 3.1.2). 
Initial analyses of the environmental data indicated that several variables were not 
normally distributed. Therefore, we used Spearman’s Rank correlation analyses to examine 
patterns in the relationships among mean AWCD and CMD values, alder abundance, salmon 
density, watershed features, and lake morphometry. Similarly, in both seasons of 2013, 
Spearman Rank correlations between AWCD values from all nutrient treatments and 
environmental variables were analyzed to investigate potential modulating factors of microbial 
response to nutrient additions. We then used linear regression models to test the relationships 
between these potential modulating factors and AWCD values from all nutrient treatments. 
Specifically, we constructed separate models for each nutrient treatment in each season, giving a 
total of six models (see Table C.2 for details). In cases where potential modulating factors were 
significantly correlated with each other, an interaction term between the two factors was included 
in the regression model. In each model, the Bonferroni method was used to adjust P-values 
derived for each parameter estimate to account for multiple comparisons. The normality and 
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homogeneity of variance of all model predictor variables were verified using Shapiro-Wilk tests, 
and variables were log-transformed when necessary. All variables were also standardized before 
regression models were run. All correlation analyses were run in SAS, and linear regressions 
analyses in R. 
 
RESULTS 
Bacterial community composition differ between seasons (P < 0.01, Table 4.2) and lakes 
(including a lake x season interaction), but not across years. Higher lake DON and TDP 
concentrations (r2 = 0.19 and 0.16, both P < 0.05), and greater utilization of the substrate 
putrescine (r2 = 0.13, P = 0.06) were related to bacterial community structure in the summer (Fig. 
4.2). Across all study lakes, AWCD was higher in summer than in spring (summer = 0.46 vs. 
spring = 0.35, paired t = -1.76, P = 0.09). Spatially, AWCD and CMD occurred in lakes with 
greater salmon density (ρ = 0.47 and 0.43 respectively, P < 0.01 for both). Microbial substrate 
utilization capacity in the summer was significantly different from the spring (PERMANOVA, r2 
= 0.04, P = 0.02, Table 4.2, Fig. 4.3). Although this seasonal difference explains only a minimal 
proportion of variance in total community substrate utilization capacity (R2 = 0.04), microbial 
substrate utilization capacity in the summer was associated with increased AWCD values (r2 = 
0.16, P = 0.01). Alder abundance and lake NOx concentrations were not related to bacterial 
community structure, substrate utilization profiles in either season, or AWCD values. 
In the bioassay experiments, AWCD values in the +P treatment showed no significant 
association with alder abundance in either season (spring: ρ = -0.26, summer: ρ = 0.12, P > 0.39 
for both). Similarly, salmon density was not related to any of the nutrient treatments in any 
season. Although guild categorization distinguished that metabolic responses to the +N and +P 
treatments were significantly different from responses to other nutrient treatments during the 
spring and summer respectively (PERMANOVA, r2 = 0.03, P = 0.06 and r2 = 0.04, P = 0.03 
respectively; Table 4.3), these differences only explained a minimal proportion of variance in 
total community substrate utilization (R2 = 0.03 and 0.04 respectively). 
Significant relationships were detected between AWCD from all nutrient treatments and 
specific physical, chemical, and biological parameters of the study lakes in both seasons. In the 
spring, microbial AWCD responses to the +N, +P, and +NP treatments increased with relative 
catchment size (i.e. CA/LV, ρ = 0.76, 0.70, 0.67 respectively, all P < 0.05), ambient lake TDP 
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concentrations (ρ = 0.59, 0.66, 0.63 respectively, all P < 0.05), and primary productivity (i.e. Chl 
a concentrations, ρ = 0.72, 0.83, 0.79 respectively, all P < 0.01). In the spring, greater Chl a 
concentrations also occurred with higher TDP concentrations (ρ = 0.9, P < 0.01), and watersheds 
with larger relative catchment area generally had elevated lake TDP concentrations in (ρ = 0.51, 
P = 0.08). In the summer, microbial responses to +N, +P, and +NP treatments were marginally 
associated with elevated lake Chl a concentrations (ρ = 0.51, P = 0.07; ρ = 0.53, P = 0.06; ρ = 
0.48, P = 0.1 respectively), but were not related to relative catchment area (ρ = 0.30, 0.30, 0.06 
respectively, all P > 0.3) or ambient TDP concentrations (ρ = 0.12, 0.03, -0.08 respectively, all P 
> 0.7). Instead, lower microbial activity was associated with larger lake surface area in most 
nutrient treatments (+N, ρ = -0.54, P = 0.06; +P, ρ = -0.57, P = 0.04; +NP, ρ = -0.42, P = 0.15). 
After accounting for interactions among variables, linear regressions indicated that Chl a 
concentrations had the largest effect on microbial AWCD responses to +N, +P, and +NP 
additions in the spring (β estimates = 0.78, 0.92, 0.81 respectively, all P < 0.07), followed by 
relative catchment area (β estimates = 0.57, 0.54, 0.53 respectively, all P < 0.05; Fig. 4.4). 
Ambient lake TDP concentrations had no effect on microbial responses in any of the nutrient 
treatments (β estimates = -0.39, -0.5, -0.42 for the +N, +P, and +NP treatments respectively, all P 
> 0.13). In the summer, linear regression models indicated that Chl a concentrations and lake 
surface area had no effect on sample responses to +N, +P, and +NP additions (Chl a; β estimates 
= 0.57, 0.55, 0.57 respectively, lake surface area; β estimates = -0.35, -0.32, -0.29 respectively, 
all P > 0.13).  
 
DISCUSSION 
Alder represents a nutrient source in salmon-bearing watersheds that could potentially 
buffer aquatic systems from declining quantities of marine-derived nutrients (MDN). In this 
study, we explored the relative impacts of alder and salmon on bacterial community structure 
and microbial metabolic activity. Bacterial community composition and microbial metabolism 
were sensitive to salmon-, but not alder-derived nutrients, likely because alder-derived nutrients 
provided less resource diversity to microbial communities. Alder largely contributed NOx to our 
study lakes (Chapters 2 and 3), while salmon provided N, P, carbon, and a variety of other 
elements (Vinagre et al. 2011, Ebel et al. 2016). Although alder and salmon abundance had no 
discernible impacts on microbial nutrient limitation, microbial responses to nutrient additions 
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were higher in lakes with elevated ambient lake Chl a concentrations and larger relative 
catchment area. Together, our results demonstrate that salmon-derived nutrients induce distinct 
microbial community structure and metabolic signatures that alder-derived nutrients cannot 
replicate, and that watershed morphometry will form the basis of future biogeochemical 
responses of freshwater systems to changes in allochthonous loading. 
We are aware of the limitations associated with using Biolog plates to characterize the 
metabolic activity of microbial communities. Specifically, this technique is culture-based and 
can be biased toward fast-growing taxa (Konopka et al. 1998, Preston-Mafham et al. 2002). In 
this regard, although Biolog plates are commonly incubated for seven days, we recorded daily 
metabolic profiles over 14 days. This attempted to accommodate expression of metabolic 
responses from rarer, slower-growing taxa in our oligotrophic study lakes. The Biolog technique 
can also be insensitive to changes in microbial community structure because of the metabolic 
redundancy that characterizes many communities (Konopka et al. 1998). Notably, we did not 
derive estimates of microbial community diversity from our Biolog data, but rather used it to 
infer substrate utilization profiles among communities that were exposed to different 
environmental conditions. Moreover, since incubation with specific carbon sources selects for 
the growth of certain taxa within the original community, this technique does reflect substrate 
utilization capacity of the ambient community (Ruiz-González et al. 2015). Biolog plates were 
also the most suitable technique to use, given the limited accessibility of our study lakes for 
sampling and lack of proximate laboratory facilities for sample processing. Thus, in spite of the 
aforementioned constraints, the consistent responses of metabolic profiles to functional drivers 
observed in our data confirm the usefulness of this technique for analyzing the metabolic 
capabilities of microbial communities in remote field sites. 
Concordant shifts in lake chemistry and substrate utilization profiles demonstrate that 
bacterial community structure and microbial metabolism are sensitive to salmon-derived 
nutrients. The seasonal change in bacterial community composition (BCC) was significantly 
related to increased lake TDP and DON concentrations, and putrescine degradation (Fig. 4.2, 
Table 4.2). Increased DON and TDP concentrations have been previously documented in 
association with decaying salmon carcasses in freshwater systems (Hood et al. 2007, Janetski et 
al. 2009). Thus, the influx of salmon-derived nutrients after spawning events in our study likely 
facilitated the expansion of specialized bacterial communities with the genetic potential to 
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metabolize salmon-derived nutrients. This interpretation is consistent with the timing of 
increased putrescine catabolism by microbial communities. Putrescine is a type of amine, and 
increased quantities of putrescine indicate microbial degradation of salmon biomass (Jorgensen 
et al. 2000, Marks and Anderson 2005). 
Our results also indicate that such changes in community structure and substrate 
utilization in response to salmon stimulated overall metabolic activity in microbial assemblages. 
Specifically, there was a trend of higher AWCD in the summer compared to the spring. Spatially, 
we observed significant increases in AWCD along the salmon density gradient. Increased 
AWCD was also associated with microbial substrate utilization capacity in the summer. Because 
salmon carcasses are a major source of amino acids and amines, we expected these guilds to 
characterize microbial substrate utilization profiles in the summer. We reason that the lack of 
such responses in our data may be due to plant sources of all substrate guild classes, including 
amino acids and amines, entering these subarctic lakes throughout the year (Bouchereau et al. 
2000, Crump et al. 2003). Also, spring lake turnover probably introduced partially-decomposed 
salmon carcasses from previous years into the water column (Reisinger et al. 2013, Vanni et al. 
2013), making salmon-specific substrates available to microbial communities during this season. 
Nonetheless, these results demonstrate that the timing and abundance of salmon have distinctive 
impacts on bacterial community development and microbial metabolic conditions in these 
systems. Thus, alder-derived nutrients will not be able to buffer aquatic microbial community 
structure or metabolism from declines in salmon-derived nutrients. 
The relative resilience of bacterial community structure and microbial metabolic activity 
to alder may be a consequence of the composition of alder-derived nutrients that ultimately 
reaches lakes. In this region, alder patches make NOx and PO4
3-  available to soils (Chapter 2). 
Decomposition of plant detritus from alder also provides organic N, NH4 and various forms of 
carbon to consumers (Goldman 1961, Edmonds and Mikkelsen 2006). However, due to 
microbial transformation and uptake in soils, the main form of alder-derived nutrients reaching 
streams and lakes is NOx (Chapters 2 and 3). In contrast, decaying salmon by-pass this soil 
microbial filter, and directly contribute multiple forms of N and P, as well as substantial 
quantities of labile carbon, vitamins, and microelements, to aquatic habitats (Gende et al. 2002, 
Vinagre et al. 2011, Ebel et al. 2016). This greater diversity of more bioavailable substrates 
provided by salmon potentially fueled activity across a wide range of microbial populations, 
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elucidating a significant metabolic response. Positive relationships among overall metabolism 
(AWCD), diversity of substrate utilization (CMD), and salmon density in our study lakes, and 
the significant association between AWCD and microbial substrate utilization capacity in the 
summer support this interpretation. Furthermore, lakes in the TNWR are relatively enriched in N 
and depleted in P, compared to other sub-arctic lakes (Chapter 3). Thus, the lower N:P of 
nutrients from salmon compared to alder may have also alleviated some of the nutrient stress in 
these systems, inducing microbial assemblage and metabolic change. These findings suggest that 
microbial community structure and metabolism will be resilient to increased N loading from 
expanding alder cover in the tundra, and that microbial responses to future changes in 
allochthonous loading will depend on the chemical form of these inputs and nutrient status of 
receiving systems. 
In this study, microbial responses to nutrient enrichment showed no relationship to 
gradients of alder or salmon abundance. Since increased alder-derived N loading exacerbated 
stream P-limitation in this region (Chapter 2), we expected microbial metabolism from lakes 
with greater alder cover to increase in the +P treatment of the bioassay. One plausible 
explanation for the lack of this response is that P inputs from the lake catchment area and 
internal P loading from sediment re-suspension (Chapter 3) confounded the results of this 
experiment. Because salmon-derived N and P were associated with altered bacterial community 
structure in the summer (see above), we also hypothesized that microbial metabolism would 
switch from being co-limited by N and P in the spring to being relieved of this limitation in the 
summer. Internal nutrient loading from the lake during the spring turnover and allochthonous N 
and P loading from the watershed (Chapter 3) likely obscured this signal. Consequently, 
watershed and lake features may have played important roles in modulating microbial metabolic 
response to nutrient loading. 
Patterns of AWCD from our bioassay experiment provide evidence for this. In contrast to 
alder and salmon, ambient physical features of watersheds impacted microbial response to N and 
P additions. Linear models indicated that in the spring, greatest metabolic activity in response to 
nutrient inputs occurred in lakes with high ambient Chl a concentrations and large relative 
catchment areas (Fig. 4.4). Larger relative catchment areas could have provided more P to the 
lakes, thereby promoting increased aquatic productivity. However, after accounting for 
interactions between Chl a concentrations and relative catchment area, we found no significant 
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relationship between lake TDP concentrations and microbial metabolic activity. Instead, we 
speculate that the increased frequency of flushing, characteristic of lakes with large relative 
watershed areas (Chapter 3), is driving this enhanced microbial metabolic response to nutrient 
loading. However, details underlying this response warrant further investigation that is beyond 
the scope of this study. That elevated microbial responses in our nutrient bioassays only occurred 
in in the spring indicates hydrologic change. Out of all the seasons, catchment-lake coupling is 
typically strongest in spring, due to maximum stream discharge rates. Thus, temporarily 
increased hydrologic connectivity likely enhanced the influence of catchment areas on lake 
microbial communities. Collectively, our results indicate that relative catchment size can 
modulate how aquatic microbial communities respond to nutrient perturbations, and that seasonal 
changes in hydrology regulate when these effects are most pronounced. 
This has important implications for lake carbon budgets, given the emergence of novel 
disturbance regimes in tundra regions. Warmer conditions in high latitude ecosystems have been 
facilitating increased wildfire activity (Mack et al. 2011, Hu et al. 2015) and permafrost thaw 
events (Hobbie et al. 1999, Chipman et al. 2016). The resulting ash and debris flows from burned 
areas can elevate stream N and P concentrations over five times background nutrient levels in a 
matter of days (Sherson et al. 2015). Thaw-induced erosional features, which also release large 
quantities of inorganic N and P to aquatic systems, may form over several hours and gradually 
expand in size over several years (Vonk et al. 2015). Our findings reveal that such disturbances 
will have the greatest impacts on microbial metabolic activity in the spring, and in lakes with 
large relative catchments, which can accordingly be targeted for management. 
The impacts of variations in external nutrient loading on aquatic microbial function can 
be further compounded by freshwater system changes related to climate warming. For example, 
under conditions of low nutrient supply, warming temperatures had a larger effect on bacterial 
carbon production than N and P addition, indicating that low temperatures could be more 
limiting than nutrient availability in oligotrophic tundra lakes (Adams et al. 2015). Similarly, 
because light availability can constrain autochthonous primary production in northern lakes 
(Vallières et al. 2008), longer ice-free periods are expected to enhance algal productivity, 
accelerating the ‘greening’ of aquatic habitats (Wrona et al. 2016). Given the heightened 
sensitivity of freshwaters to environmental change (Larsen et al. 2016), synchronous changes in 
external loading and internal processes may fundamentally alter the capacity of microbial 
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communities in tundra lakes to provide key ecosystem services, including productive nursery 
habitat for salmon, in these regions. Future research should aim to understand how microbial 
community structure and metabolism will be impacted by these drivers as the magnitude of 
anthropogenic disturbances on aquatic systems increases. 
In conclusion, our results demonstrate that bacterial community structure and microbial 
metabolism are more sensitive to salmon than alder. Consequently, although alder-derived 
nutrients will not be able to buffer microbial community structure and metabolic activity from 
declining quantities of salmon-derived nutrients, microbial community dynamics may be 
relatively resilient to the continued expansion of alder cover in tundra regions. The observed 
patterns also suggest that the composition of allochthonous loading and catchment morphometry 
mediate microbial metabolic responses to nutrient inputs. This highlights the need to investigate 
the impacts of concurrent changes in extrinsic nutrient loading and intrinsic modulators of 
nutrient response to obtain more realistic predictions of how future global change will impact 
biogeochemical processes in freshwater systems. 
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FIGURES AND TABLES 
 
Table 4.1. Physical properties of the 13 study lakes and their watersheds in SW Alaska. 
 
 
Lake name 
Maximum 
lake depth 
(m) 
Mean 
watershed 
elevation 
(m) 
Mean 
watershed 
slope (°) 
Relative 
catchment 
area (CA/LV) 
Mean 
estimated 
discharge from 
lake watershed 
(m3/s) 
Watershed 
alder 
cover (%) 
Mean 
salmon 
density (# 
salmon/lake 
volume) 
Gechiak 22 101 16.1 3.21 3.6 41.5 2.3 
Goodnews 40 123 15.0 2.93 11.1 28.0 3.7 
High 56 262 25.6 0.58 5.3 22.4 0 
Kagati-Pegati 51 317 12.7 1.54 8.9 8.0 4.6 
Little Togiak 60 12 21.6 0.40 5.9 51.6 2.1 
Nagugun 58 285 16.6 0.35 4.0 20.6 0 
Nenevok 32 351 17.0 2.44 2.5 18.2 1.5 
Nunavaugaluk 
(Snake) 
160 10 11.7 0.07 2.1 45.4 0.2 
Ohnlik 43 351 19.5 0.86 2.4 13.2 1.2 
Ongivinuk 12 163 20.1 3.51 3.2 49.5 13.6 
Pungokepuk 17 69 10.4 3.51 9.2 30.3 2.2 
Togiak 146 67 18.3 0.56 48.8 26.6 0.6 
Ualik 18 16 10.8 0.15 8.0 39.3 2.1 
92  
Table 4.2. Results from PERMANOVA testing the effects of year, lake, season, and interactions 
among these factors on bacterial community composition and microbial metabolism. 
 
 
  
Parameter 
 
df 
Sum of 
squares 
 
F 
 
P 
 
R2 
 Year 1 0.14 1.24 0.18 0.01 
Bacterial 
community 
structure 
(ARISA data) 
Season 1 0.81 7.47 < 0.001 0.08 
Lake 12 5.34 4.10 < 0.001 0.50 
Year*Season 1 0.15 1.35 0.11 0.01 
 Lake*Season 12 2.01 1.54 < 0.001 0.19 
Guild 
categorization 
of microbial 
metabolic 
activity 
(Biolog data) 
Year 1 0.17 3.82 0.004 0.06 
Season 1 0.11 2.57 0.02 0.04 
Lake 12 0.61 1.16 0.22 0.23 
Year*Season 1 0.02 0.35 0.87 0.01 
Lake*Season 12 0.74 1.41 0.05 0.28 
 
Table 4.3. Results from PERMANOVA, testing the effects of lake and nutrient treatment on 
overall microbial metabolic activity. 
 
 
  
Parameter 
 
df 
Sum of 
squares 
 
F 
 
P 
 
R2 
Microbial metabolic 
activity in the spring 
- Guild 
categorization 
(Biolog data) 
Lake 10 1.56 4.08 0.001 0.55 
+N 1 0.08 2.12 0.06 0.03 
+P 1 0.05 1.37 0.22 0.02 
+N+P 1 0.02 0.61 0.72 0.02 
Microbial metabolic 
activity in the 
summer - Guild 
categorization 
(Biolog data) 
Lake 10 1.10 4.30 0.001 0.55 
+N 1 0.02 0.72 0.61 0.01 
+P 1 0.08 2.95 0.03 0.04 
+N+P 1 0.04 1.69 0.17 0.02 
 
 
 
 
 
 
93  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 4.1. Location and names of the 13 study lakes in the Togiak National Wildlife Refuge 
(TNWR) within Alaska. Inset shows the location of the TNWR within Alaska. 
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Figure 4.2. Non-metric multidimensional scaling ordination of bacterial communities from all 13 
study lakes in the spring and summer. Circles represent the bacterial community from each lake 
collected in the spring and summer from 2012-2013, and were characterized using ARISA. Circle 
color indicates season. Arrows for the supplemental environmental variables fitted onto this 
ordination show the direction of increase for each variable and the length of each arrow indicates 
the degree of correlation with the ordination axes. Only environmental variables that were 
significantly related to the ordination are displayed (P < 0.06). DON, dissolved organic N; TDP, 
total dissolved phosphorus. 
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Figure 4.3. Principal Component Analysis ordination of microbial metabolic activity (Biolog 
data), from all 13 study lakes in the spring and summer from 2012-2013. Circles represent the 
average guild utilization profile characterized using Biolog data. Color indicates season and bars 
indicate standard error along each axis. Arrow for Average Well Color Development (AWCD) 
fitted onto this ordination shows the direction of increase, and length indicates the degree of 
correlation with the ordination axis. Inset is factorial map of the chemical guilds of the substrates 
(AA, amino acids; A, amines; CA, carboxylic acids; C, carbohydrates; PC, phenolic compounds, 
P, polymers). 
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Figure 4.4. Magnitude and direction of standardized parameter estimates predicting microbial 
substrate utilization responses (i.e. average well color development (AWCD) values from Biolog 
plates) to nutrient treatments (+N, +P, and +NP) in the spring. Statistical significance (P-value) 
of all parameters are < 0.05, except where denoted in parentheses. 
(P = 0.07) 
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CHAPTER 5: CONCLUSION 
Aquatic ecosystems are sensitive to cross-system nutrient resources, and continued 
declines in wild salmon may have pronounced impacts on the productivity of their natal habitats 
and sustainability of salmon yields. Nutrient subsidies from N-fixing alder have the potential to 
buffer these freshwater systems from salmon loss. Previous studies documented the separate 
impacts of alder and salmon on aquatic nutrient regimes, and provided a limited understanding of 
their relative impacts on freshwater systems. My research design, which integrates broad spatial 
gradients in alder and salmon abundance, with inter-annual variation in meteorological 
conditions, enabled me to characterize the underlying drivers and the effects of alder and salmon 
on nutrient dynamics in aquatic systems.  
Overall, my results demonstrate that continued salmon declines could fundamentally alter 
ecosystem processes, such as nutrient cycling and carbon metabolism, in ways that alder-derived 
N cannot compensate for. Alder expansion in the tundra will favor disproportionately large N 
relative to P loading to aquatic systems, resulting in a stoichiometric shift from co-limitation by 
N and P to P-limitation. In SW Alaska where alder is already abundant at low elevations, this 
transition in nutrient stoichiometry occurred when modern vegetation became established during 
the middle Holocene. By analogy, freshwater systems will reach this nutrient status within 
decades or centuries in the tundra areas where shrub expansion progresses as predicted (Tape et 
al. 2006, Tape et al. 2012). Continued salmon decline will also fundamentally alter the microbial 
community structure and metabolic profiles of these surface waters. Whether such stoichiometric 
and microbial changes will impact the ability of the lakes in the TNWR to continue function as 
productive salmon nursery habitats remains uncertain. 
My results also point towards the watershed as the focus of fisheries management, and 
the basis for predicting aquatic ecosystem response to future environmental change. 
Conventional approaches for fisheries management focus on single species, and have often 
employed costly maneuvers, such as adding carcasses or copious quantities of inorganic 
fertilizers to increase salmon run sizes in unproductive streams (Compton et al. 2006, Marshak 
and Brown 2017). Because my analyses demonstrate that watershed features potentially 
outweigh salmon as a driver of long-term aquatic productivity and can enhance microbial 
metabolic response to nutrient additions, future management interventions to raise fish yields 
from these systems may be ultimately limited by extant physical watershed features. 
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Furthermore, careful watershed management is a critical first step towards ensuring sustainable 
fisheries. Efforts to manage fisheries across terrestrial and aquatic ecosystems (i.e. at the meta-
ecosystem scale) are already underway as part of the burgeoning ecosystem-based fisheries 
management (EBFM) movement (Pikitch et al. 2004, Fogarty and Rose 2014). However, 
ecosystem-based models that represent all the necessary components remain scarce (Collie et al. 
2016). My results provide the basis for such models, and contribute to growing evidence that 
watershed physical features modulate long-term nutrient dynamics in aquatic systems (Davis et 
al. 2013, Fellman et al. 2017). 
The direct effects of climate change, shrub expansion and the emergence of novel 
disturbance regimes could interact with, or override the modulating effect of physical watershed 
features on freshwater nutrient regimes. While previous research has examined the impacts of 
climate warming, altered precipitation, permafrost thaw, and wildfires on aquatic 
biogeochemistry (Bowden et al. 2008, David et al. 2013, Sherson et al. 2015), a synthetic 
understanding remains unclear. For example, the net effect of increased nutrient loading from 
permafrost thawing and exacerbation of P-limitation under alder proliferation on freshwater 
nutrient regimes remains unknown. Thus, although there are many indications that major 
changes to the biogeochemistry of high-latitude surface waters are imminent, further research is 
needed to develop holistic models to predict future nutrient dynamics. 
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APPPENDIX A: SUPPLEMENTARY MATERIAL FOR CHAPTER 2 
 
Table A.1. Discharge and dissolved nutrient concentrations of the 26 study streams in SW 
Alaska. Minimum and maximum values are given. 
 
Stream 
number 
Discharge  
(m3 s-1) 
NH4  
(g L-1) 
NOx   
(g L-1) 
DON  
(g L-1) 
TP  
(g L-1) 
103 0.094-0.981 0-84 117-1040 0-458 15-34 
201 0.201-1.19 0-38 12-147 0-162 15-26 
202 0.159-1.88 0-103 99-365 0-245 16-25 
303 0.0899-2.3 1-55 39-141 0-2524 15-28 
501 0.0486-0.131 1-174 14-46 0-1243 20-33 
503 0.836-2.64 0-100 22-1020 0-2070 17-26 
505 0.617-3.76 0-133 9-48 0-1641 16-27 
603 1.74-5.88 0-61 204-3340 0-2989 17-24 
708 0.148-0.668 0-52 20-75 0-1001 17-26 
802 0.544-4.99 1-140 3-48 0-696 15-55 
806 0.128-0.696 0-59 10-92 0-151 16-29 
905 0.213-0.917 1-43 70-818 0-746 16-26 
908 0.0224-0.132 0-4 115-756 0-54 16-20 
912 0.0022-0.0735 0-34 92-1380 0-9639 16-27 
1002 0.0756-0.704 0-99 9-39 0-173 15-27 
1010 0.214-1.54 0-46 16-153 0-5088 16-32 
1101 0.45-3.41 4-35 103-341 0-156 16-27 
1203 0.362-4.35 0-133 141-1370 0-340 17-27 
1303 1.23-3.68 0-105 145-354 0-1813 17-25 
1306 0.37-2.35 0-43 29-260 0-108 15-32 
1317 1.77-5.95 0-26 76-397 0-136 17-25 
1333 0.0315-0.0857 0-44 124-1640 0-506 16-25 
1405 0.0726-0.254 0-60 585-1110 0-1370 17-31 
1407 0.0589-0.246 0-51 452-742 0-160 16-25 
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Table A.2. Spearman Rank correlation coefficients (ρ) of stream chemistry indicators, discharge, watershed alder cover and other 
topographic characteristics from the 26 study streams. Significant correlations (P < 0.05) are highlighted in bold. Borderline P-values 
(0.05 < P-value < 0.1) are indicated in parentheses next to the correlation coefficient in the table. 
 
Variable % alder Elevation Slope W. area Discharge 
Discharge -0.29 0.43 (0.08) 0.46 (0.06) 0.90 1.00 
Elevation -0.80 1.00 0.65 0.45 0.43 
Slope -0.28 0.65 1.00 0.39 0.46 
W. area -0.34 (0.09) 0.45 0.39 1.00 0.90 
NOx 0.78 -0.73 -0.27 -0.15 -0.11 
NOx yield 0.61 -0.51 (0.06) -0.05 -0.01 NA 
NH4 0.01 0.00 -0.02 -0.01 -0.01 
NH4 yield -0.02 0.10 0.14 -0.02 NA 
DON 0.10 -0.18 -0.26 -0.15 -0.24 
DON yield 0.05 -0.05 -0.13 -0.02 NA 
TP 0.10 -0.14 -0.19 -0.16 -0.18 
TP yield -0.05 0.14 0.27 0.28 NA 
DIN:TP 0.78 -0.71 -0.25 -0.09 -0.07 
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Table A.3. Dissolved nutrient yields of the 26 study streams in SW Alaska. Minimum and 
maximum values are given. 
 
Stream 
number 
NH4 yield  
(g ha-1 day-1) 
NOx yield  
(g ha-1 day-1) 
DON yield  
(g ha-1 day-1) 
TP yield  
(g ha-1 day-1) 
103 0-1.10 2.89-75.7 0-4.65 0.0581-1.51 
201 0-1.2 0.372-10.3 0-4.42 0.0472-1.69 
202 0-4 1.37-31.6 0-3.36 0.0412-1.38 
303 0.0123-1.89 0.306-13.9 0-6.16 0.0105-2.41 
501 0.0125-4.04 0.228-0.89 0-32.5 0.157-1.03 
503 0-1.29 0.504-49 0-31.5 0.102-1.62 
505 0-8.63 0.098-2.32 0-3.8 0.029-1.72 
603 0.042-4.84 15.1-64.8 0-7.2 0.593-2.85 
708 0.0187-3.72 0.468-5.33 0-1.26 0.0683-1.88 
802 0.0174-16.4 0.04-5.67 0-12.3 0.0437-2.96 
806 0-2.95 0.124-4.63 0-7.59 0.0328-1.45 
905 0.0207-1.43 1.89-62.6 0-24 0.0842-1.89 
908 0-1.53 0.698-48.1 0-6.64 0.09-1.04 
912 0-0.095 0.049-13.6 0-0.519 0.00576-1.6 
1002 0-8.53 0.086-3.39 0-2.7 0.061-2.35 
1010 0-3.93 0.282-13.2 0-8.71 0.068-2.27 
1101 0.0866-3.22 2.89-43 0-8.34 0.045-2.47 
1203 0-6.42 2.96-66.7 0-2.78 0.0521-1.66 
1303 0-7.35 4.13-19.7 0-42.4 0.109-1.73 
1306 0-2.65 0.939-12.6 0-2.84 0.0225-1.97 
1317 0-1.85 2.83-25.8 0-42.4 0.124-2.27 
1333 0.0012-0.261 0.665-9.76 0-3.01 0.0105-1.92 
1405 0.014-2.3 16.2-84.3 0-6.01 0.14-1.37 
1407 0-1.79 9.45-55.5 0-5.66 0-1.12 
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Table A.4. Weather variables investigated for the model derived for stream NOx concentration in 
the spring. 
 
(1) Annual growing season length from the previous year 
(2) Annual sum of growing degree days (GDD) from the previous year 
(3) Seasonal sum of GDDs 
(4) Ice-out date from the current year 
(5) Ice-out date from the previous year 
(6) Extreme maximum daily precipitation in the spring season 
(7) Mean stream water height level in the spring season 
(8) Extreme maximum daily temperature in the spring season 
(9) Mean stream water temperature during the spring season 
(10) Seasonal mean value of the Pacific Decadal Oscillation (PDO) index 
(11) Annual mean value of the PDO index from the previous year 
 
Table A.5. Weather variables investigated for the model derived for stream NOx yield in the 
spring. 
 
(1) Annual growing season length from the previous year 
(2) Annual sum of growing degree days (GDD) from the previous year 
(3) Seasonal sum of GDDs 
(4) Ice-out date from the current year 
(5) Ice-out date from the previous year 
(6) Extreme maximum daily temperature in the spring season 
(7) Mean stream water temperature during the spring season 
(8) Seasonal mean value of the Pacific Decadal Oscillation (PDO) index 
(9) Annual mean value of the PDO index from the previous year 
 
Table A.6. Weather variables investigated for the model derived for stream NOx concentration in 
the summer. 
 
(1) Seasonal growing season length 
(2) Seasonal sum of growing degree days 
(3) Difference between mean summer and mean spring precipitation 
amounts 
(4) Difference between mean summer and mean spring temperatures 
(5) Ice-out date from the current year 
(6) Rainfall event intensity during the growing season (calculated from 
stream datalogger records from stream #802) 
(7) Extreme maximum daily temperature in the summer season 
(8) Mean stream water height level in the summer season 
(9) Mean stream water temperature during the summer season 
(10) Seasonal mean value of the Pacific Decadal Oscillation (PDO) index 
(11) Annual mean value of the PDO index from the previous year 
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Table A.7. Weather variables investigated for the model derived for stream NOx yield in the 
summer. 
 
(1) Seasonal growing season length 
(2) Seasonal sum of growing degree days 
(3) Difference between mean summer and mean spring precipitation 
amounts 
(4) Difference between mean summer and mean spring temperatures 
(5) Ice-out date from the current year 
(6) Rainfall event intensity during the growing season (calculated from 
stream datalogger records from stream #802) 
(7) Extreme maximum daily temperature in the summer season 
(8) Mean stream water temperature during the summer season 
(9) Seasonal mean value of the Pacific Decadal Oscillation (PDO) index 
(10) Annual mean value of the PDO index from the previous year 
 
Table A.8. Mean parameter estimates and their 95% bootstrapped confidence intervals (CIs) 
from the models derived for stream NOx concentrations in the spring. Boldface denotes 
significant parameters (lower and upper bounds of 95% CI of mean parameter estimate do not 
cross '0'). 
 
Parameter Mean 
parameter 
estimate 
Lower bound 
of 95% 
bootstrapped 
CI of mean 
parameter 
estimate 
Upper bound of 
95% 
bootstrapped CI 
of mean 
parameter 
estimate 
Alder cover 0.44 0.33 0.54 
Watershed area 0.06 -0.14 0.28 
Watershed slope -0.03 -0.12 0.06 
Stream discharge 0.02 -0.20 0.21 
Annual growing season length 
(AGSL) from the previous year 
0.09 -0.13 0.32 
Annual sum of growing degree days 
(GDD) from the previous year 
-0.14 -1.02 0.79 
Ice-out date 0.05 -0.72 0.82 
Alder cover*AGSL from the previous 
year 
-0.15 -0.42 0.07 
Alder cover*GDD from the 
previous year 
-1.22 -2.28 -0.31 
Alder cover*Ice-out date -0.98 -1.91 -0.18 
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Table A.9. Mean parameter estimates and their 95% bootstrapped confidence intervals (CIs) 
from the models derived for stream NOx concentrations in the summer. Boldface denotes 
significant parameters (lower and upper bounds of 95% CI of mean parameter estimate do not 
cross '0'). 
 
Parameter Mean 
parameter 
estimate 
Lower bound 
of 95% 
bootstrapped 
CI of mean 
parameter 
estimate 
Upper bound of 
95% 
bootstrapped CI 
of mean 
parameter 
estimate 
Alder cover 0.67 0.45 0.91 
Watershed area 0.12 -0.27 0.52 
Watershed slope -0.04 -0.30 0.15 
Discharge -0.03 -0.36 0.26 
Seasonal growing season length -1.53 -4.81 1.10 
Seasonal sum of growing degree 
days (GDD) 
5.13 -3.05 15.61 
Mean summer precip. - mean 
spring precip. 
-4.35 -13.32 2.74 
Mean summer temp. - mean spring 
temp. 
-5.06 -15.22 2.86 
Ice-out date 1.44 -1.40 5.86 
Alder cover*Seasonal growing 
season length 
-0.84 -4.38 2.09 
Alder cover*Seasonal sum of GDD 1.85 -4.49 10.48 
Alder cover*(Mean summer 
precip. - mean spring precip.) 
-1.47 -9.06 3.95 
Alder cover*(Mean summer temp. - 
mean spring temp.) 
-1.77 -10.26 4.33 
Alder cover*Ice-out date from the 
current year 
0.04 -2.87 3.99 
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Table A.10. Mean parameter estimates and their 95% bootstrapped confidence intervals (CIs) 
from the models derived for stream NOx yields in the spring. Boldface denotes significant 
parameters (lower and upper bounds of 95% CI of mean parameter estimate do not cross '0'). 
 
Parameter Mean 
parameter 
estimate 
Lower bound 
of 95% 
bootstrapped 
CI of mean 
parameter 
estimate 
Upper bound of 
95% 
bootstrapped CI 
of mean 
parameter 
estimate 
Alder cover 0.41 0.24 0.71 
Watershed area 0.10 0.00 0.30 
Watershed slope 0.14 -0.04 0.72 
Annual growing season length 
(AGSL) from the previous year 
-0.25 -0.75 0.06 
Annual sum of growing degree days 
(GDD) from the previous year 
-1.23 -2.85 -0.15 
Ice-out date -0.93 -2.42 0.04 
Alder cover*AGSL from the 
previous year 
-0.35 -0.66 -0.12 
Alder cover*annual sum of GDD 
from the previous year 
-1.60 -2.64 -0.69 
Alder cover*Ice-out date -1.31 -2.24 -0.55 
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Table A.11. Mean parameter estimates and their 95% bootstrapped confidence intervals (CIs) 
from the models derived for stream NOx yields in the summer. Boldface denotes significant 
parameters (lower and upper bounds of 95% CI of mean parameter estimate do not cross '0'). 
 
Parameter Mean 
parameter 
estimate 
Lower bound 
of 95% 
bootstrapped 
CI of mean 
parameter 
estimate 
Upper bound of 
95% 
bootstrapped CI 
of mean 
parameter 
estimate 
Alder cover 0.66 0.50 0.84 
Watershed area 0.06 -0.06 0.17 
Watershed slope 0.19 0.05 0.33 
Seasonal growing season length -0.09 -1.83 1.43 
Seasonal sum of growing degree days 
(GDD) 
2.59 -3.09 9.91 
Mean summer precip. - mean spring 
precip. 
-2.62 -9.15 2.33 
Mean summer temp. - mean spring 
temp. 
-2.65 -9.99 2.85 
Ice-out date 1.75 -0.96 5.57 
Alder cover*Seasonal growing 
season length 
0.94 -1.17 2.90 
Alder cover*Seasonal sum of GDD -4.44 -11.71 2.12 
Alder cover*(Mean summer 
precip. - mean spring precip.) 
3.81 -1.70 10.29 
Alder cover*(Mean summer temp. - 
mean spring temp.) 
4.35 -1.95 11.58 
Alder cover*Ice-out date -1.84 -5.73 1.38 
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Table A.12. Parameter estimates and standard errors from the modified structural equation model. 
 
lhs rhs Parameter 
estimate 
Standard 
error 
z-score p-value Lower 
CI 
Upper 
CI 
soilN NOxc 1 0 NA NA 1 1 
DINTP soilN 0.992 0.02 49.734 0 0.953 1.031 
soilN alder 0.676 0.053 12.772 0 0.572 0.780 
soilN SAGSL -0.232 0.055 -4.359 0.00 -0.337 -0.128 
alder welev -0.846 0.044 -19.413 0 -0.931 -0.76 
DINTP DINTP 0.057 0.007 8.689 0 0.044 0.07 
NOxc NOxc 0 0 NA NA 0 0 
alder alder 0.287 0.033 8.689 0 0.222 0.352 
soilN soilN 0.424 0.049 8.689 0 0.328 0.520 
SAGSL SAGSL 0.991 0.114 8.689 0 0.768 1.215 
SAGSL welev 0.056 0.081 0.694 0.487 -0.103 0.216 
welev welev 1.002 0.115 8.689 0 0.776 1.227 
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Figure A.1. Measured stream discharge rates from all the study streams in the (A) spring and (B) summer, from 2010 to 2013. 
(A) 
(B) 
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(A) 
(B) 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure A.2. Measured water temperature from five study streams (# 201, # 802, # 1010, # 
1101, # 1203, # 905, and # 503) at the time of sampling from the (A) spring and (B) 
summer, across 2010 to 2013. 
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Figure A.3. Influence of elevation on stream discharge. ρ value is Spearman Rank correlation 
coefficient. P-value is indicated in parentheses. 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
ρ = 0.43 (0.078) 
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APPENDIX B: SUPPLEMENTARY MATERIAL FOR CHAPTER 3 
 
Table B.1. Dissolved nutrients of the 13 study lakes in SW Alaska. Minimum and maximum values are given. 
 
Lake name 
NH4 
(g L-1) 
NOx 
(g L-1) 
DON 
(g L-1) 
TN 
(g L-1) 
TDP 
(g L-1) 
TP 
(g L-1) 
Gechiak 1.02-171 257-806 0-297.8 389.6-982.9 1.2-6.3 16.6-26.6 
Goodnews 0.22-63.7 80.2-429 0-4676 221.8-499.7 0.68-4.35 14.6-27 
High 0.95-66.4 149-329 0-556.2 217.8-378.5 0.34-9.23 14.5-28.1 
Kagati-Pegati 0-137 4.4-76.1 0-680.9 59.4-193.7 1.99-5.53 14.5-27 
Little Togiak 1.2-71.3 231.5-699 0-263.6 500.1-777.9 0.85-3.67 15.2-28.8 
Nagugun 1.02-80.7 0-254 0-505.3 49.6-309 1.19-6.86 16.6-29.1 
Nenevok 0-141 3.23-154 0-869.5 0-155.5 1.48-4.36 15.6-27.8 
Nunavaugaluk (Snake) 0.87-67.7 59.6-356 0-232.3 336-560 1.31-4.08 15.2-27.5 
Ohnlik 0-146 4.7-378 0-560.2 0-144.9 1.36-7.4 13.8-26.5 
Ongivinuk 0.41-54.1 50.1-341 0-201.1 99.8-468.5 2.15-7.51 16.2-26.6 
Pungokepuk 0.75-68.6 14.6-367 0-1609.1 159.7-4763 3.96-5.92 16.6-30.9 
Togiak 0-65.5 99.2-357 0-267 227.6-513.4 1.26-7.59 17.7-38.2 
Ualik 0-88.2 107.5-243 0-180.8 236.6-452.4 2-3.76 15.4-30 
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Table B.2. Spearman Rank correlation coefficients (ρ) of lake chemistry indicators, watershed alder cover, salmon abundance, and 
physical characteristics from the 13 study lakes. Significant correlations (P < 0.05) are highlighted in bold. Borderline P-values (0.05 
< P-value < 0.1) are indicated in parentheses next to the correlation coefficient in the table. #Correlations for this variable were only 
analyzed with data from the summer, after salmon spawned. Total numbers of salmon were used in the correlation analysis with TN 
concentration, while salmon density (# of salmon/lake volume) were used in the correlation analyses with TDP and TP concentrations. 
 
 
Watershed 
area 
Watershed 
elevation 
Watershed 
Slope 
Catchment 
area/Lake 
volume 
Alder cover (%) 
 
Salmon# 
Watershed elevation -0.45 1 -0.29 0.37 -0.81 -0.55 (0.06) 
Alder cover (%) -0.03 -0.81 0 -0.04 1 0.3 
NOx conc. 0.3 -0.66 (0.05) 0.12 -0.15 0.64 0.23 
NH4 conc. 0.1 -0.21 -0.1 -0.16 0.15 0.07 
DON conc. -0.15 -0.04 -0.24 0.14 0.03 0.09 
TN conc. 0.24 -0.77 -0.01 -0.1 0.79 0.35 
TDP conc. -0.35 0.17 -0.26 0.36 -0.05 0.64 
TP conc. -0.01 -0.2 -0.27 0.09 0.19 0.13 
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Table B.3. Complete list of variables investigated for the model derived for lake TN 
concentrations in the spring. 
 
Variable category Specific variable 
Weather Annual growing season length from the previous year 
Weather 
Annual sum of growing degree days (GDD) from the previous 
year 
Weather Seasonal sum of GDDs 
Weather Ice-out date from the current year 
Weather Ice-out date from the previous year 
Weather Extreme maximum daily precipitation in the spring season 
Weather Mean stream water height level in the spring season 
Weather Extreme maximum daily temperature in the spring season 
Weather Mean stream water temperature during the spring season 
Watershed feature Drainage density 
Watershed feature Estimated discharge from lake watershed 
Lake morphometry Lake length:depth (lake L/D) 
Lake morphometry Maximum lake depth 
Alder abundance % Alder cover 
Salmon abundance Salmon # (annual salmon run estimate) 
Salmon abundance Salmon density (annual salmon run estimate/lake volume) 
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Table B.4. Complete list of variables investigated for the model derived for lake TN 
concentrations in the summer. 
 
Variable category Specific variable 
Weather Seasonal growing season length 
Weather Seasonal sum of growing degree days 
Weather 
Difference between mean summer and mean spring precipitation 
amounts 
Weather Difference between mean summer and mean spring temperatures 
Weather Ice-out date from the current year 
Weather 
Rainfall event intensity during the growing season (calculated from 
stream datalogger records from stream #802) 
Weather Extreme maximum daily temperature in the summer season 
Weather Mean stream water height level in the summer season 
Weather Mean stream water temperature during the summer season 
Watershed feature Drainage density 
Watershed feature Estimated discharge from lake watershed 
Lake morphometry Lake length:depth (lake L/D) 
Lake morphometry Maximum lake depth 
Alder abundance % Alder cover 
Salmon abundance Salmon # (annual salmon run estimate) 
Salmon abundance Salmon density (annual salmon run estimate/lake volume) 
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Table B.5. Complete list of variables investigated for the model derived for lake TDP 
concentrations in the spring. 
 
Variable category Specific variable 
Weather Seasonal growing season length 
Weather Seasonal sum of growing degree days 
Weather 
Difference between mean summer and mean spring 
precipitation amounts 
Weather Difference between mean summer and mean spring temperatures 
Weather Ice-out date from the current year 
Weather 
Rainfall event intensity during the growing season (calculated from 
stream data logger records from stream #802) 
Weather Extreme maximum daily temperature in the summer season 
Weather Mean stream water temperature during the summer season 
Watershed feature Catchment area:lake volume (CA/LV) 
Watershed feature Drainage density 
Watershed feature Estimated discharge from lake watershed 
Lake morphometry Lake length:depth (lake L/D) 
Lake morphometry Maximum lake depth 
Salmon abundance Salmon # (annual salmon run estimate) 
Salmon abundance Salmon density (annual salmon run estimate/lake volume) 
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Table B.6. Complete list of variables investigated for the model derived for lake TDP 
concentrations in the summer. 
 
Variable category Specific variable 
Weather Seasonal growing season length 
Weather Seasonal sum of growing degree days 
Weather 
Difference between mean summer and mean spring precipitation 
amounts 
Weather Difference between mean summer and mean spring temperatures 
Weather Ice-out date from the current year 
Weather 
Rainfall event intensity during the growing season (calculated from 
stream data logger records from stream #802) 
Weather Extreme maximum daily temperature in the summer season 
Weather Mean stream water temperature during the summer season 
Watershed feature Catchment area:lake volume (CA/LV) 
Watershed feature Drainage density 
Watershed feature Estimated discharge from lake watershed 
Lake morphometry Lake length:depth (lake L/D) 
Lake morphometry Maximum lake depth 
Salmon abundance Salmon # (annual salmon run estimate) 
Salmon abundance Salmon density (annual salmon run estimate/lake volume) 
 
Table B.7. Final models derived for lake TN and TDP concentrations in both seasons. 
 
Final derived models 
TN concentrations in spring and summer ~ % Alder cover + Salmon # (annual salmon 
run estimate) + set of three weather variables + Alder*three weather variables 
TDP concentrations in spring and summer ~ Salmon density (annual salmon run 
estimate/lake volume) + Catchment area:lake volume (CA/LV) + set of three weather 
variables + CALV*three weather variables 
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Table B.8. Lake Total Dissolved Phosphorus (TDP) concentrations (mean + standard error for 
data across both seasons and all years). 
 
Lake name TDP concentrations (g/L) 
Gechiak 2.81 + 0.33 
Goodnews 2.71 + 0.38 
High 1.62 + 0.30 
Kagati-Pegati 3.59 + 0.48 
Little Togiak 2.06 + 0.46 
Nagugun 3.00 + 0.79 
Nenevok 2.59 + 0.43 
Nunavaugaluk (Snake) 1.81 + 0.22 
Ohnlik 2.68 + 0.48 
Ongivinuk 3.90 + 0.76 
Pungokepuk 4.77 + 0.28 
Togiak 1.71 + 0.11 
Ualik 2.77 + 0.25 
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Table B.9. Mean parameter estimates and their 95% bootstrapped confidence intervals (CIs) 
from the models derived for lake TN concentrations in the spring. Boldface denotes significant 
parameters (lower and upper bounds of 95% CI of mean parameter estimate do not cross '0'). 
 
Parameter Mean 
parameter 
estimate 
Lower bound 
of 95% 
bootstrapped 
CI of mean 
parameter 
estimate 
Upper bound 
of 95% 
bootstrapped 
CI of mean 
parameter 
estimate 
Alder cover 0.58 0.17 0.97 
Salmon abundance -0.29 -1.26 0.45 
Annual growing season length (AGSL) from 
the previous year 
-1.18 -4.07 1.7 
Annual sum of growing degree days (GDD) 
from the previous year 
2.18 -5.53 10.1 
Ice-out date -1.99 -8.58 4.4 
Alder cover*AGSL from the previous year 0.8 -1.97 3.48 
Alder cover*GDD from the previous year -1.38 -8.76 6.45 
Alder cover*Ice-out date 1.19 -5.04 7.28 
 
Table B.10. Mean parameter estimates and their 95% bootstrapped confidence intervals (CIs) 
from the models derived for lake TN concentrations in the summer. Boldface denotes significant 
parameters (lower and upper bounds of 95% CI of mean parameter estimate do not cross '0'). 
 
Parameter Mean 
parameter 
estimate 
Lower bound of 
95% 
bootstrapped CI 
of mean 
parameter 
estimate 
Upper bound 
of 95% 
bootstrapped 
CI of mean 
parameter 
estimate 
Alder cover 0.25 -1.01 1.61 
Salmon abundance 0.21 -0.64 3.22 
Lake length/depth 0.14 -0.43 2.34 
Lake depth -0.03 -1.33 2.2 
Seasonal growing season length -1.25 -10.2 4.58 
Seasonal sum of growing degree days 
(GDD) 
10.8 -5.71 62.9 
Mean summer temp. - mean spring temp. -8.4 -47.6 4.64 
Alder cover*Seasonal growing season 
length 
-1.17 -12.4 5.68 
Alder cover*Seasonal sum of GDD 4.62 -32.9 46.9 
Alder cover*(Mean summer temp. - mean 
spring temp.) 
-3.94 -37.9 24 
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Table B.11. Mean parameter estimates and their 95% bootstrapped confidence intervals (CIs) 
from the models derived for lake TDP concentrations in the spring. Boldface denotes significant 
parameters (lower and upper bounds of 95% CI of mean parameter estimate do not cross '0'). 
 
Parameter Mean 
parameter 
estimate 
Lower bound of 
95% 
bootstrapped 
CI of mean 
parameter 
estimate 
Upper bound 
of 95% 
bootstrapped 
CI of mean 
parameter 
estimate 
Salmon density -0.09 -0.49 0.30 
Catchment area/Lake volume (CALV) 0.37 -0.07 0.81 
Seasonal growing season length 1.09 -0.02 2.25 
Seasonal sum of growing degree 
days (GDD) 
-4.02 -7.17 -0.93 
Ice-out date 2.77 0.26 5.35 
CALV*Seasonal growing season length 0.23 -1.21 1.65 
CALV*Seasonal sum of GDD -0.5 -4.47 3.46 
CALV*Ice-out date 0.56 -2.72 3.79 
 
Table B.12. Mean parameter estimates and their 95% bootstrapped confidence intervals (CIs) 
from the models derived for lake TDP concentrations in the summer. Boldface denotes 
significant parameters (lower and upper bounds of 95% CI of mean parameter estimate do not 
cross '0'). 
 
Parameter Mean 
parameter 
estimate 
Lower bound 
of 95% 
bootstrapped 
CI of mean 
parameter 
estimate 
Upper bound 
of 95% 
bootstrapped 
CI of mean 
parameter 
estimate 
Salmon density 0.32 0.02 0.62 
Catchment area/Lake volume (CALV) 0.42 0.06 0.77 
Seasonal growing season length -1.72 -4.17 0.64 
Seasonal sum of growing degree days 
(GDD) 
9.3 -0.82 19.4 
Mean summer temp. - mean spring temp. -7.1 -15.1 0.83 
CALV*Seasonal growing season length 0.08 -2.16 2.34 
CALV*Seasonal sum of GDD 0.7 -10.4 11.8 
CALV*(Mean summer temp. - mean 
spring temp.) 
-0.47 -9.2 8.2 
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Figure B.1. First example of one of the several hypothesized structural equation models of lake 
nutrients (total nitrogen (N) and total dissolved phosphorus (P) concentrations) we applied to our 
entire data set. 
 
 
Figure B.2. Second example of one of the several hypothesized structural equation models of 
lake nutrients (total nitrogen (N) and total dissolved phosphorus (P) concentrations) we applied 
to our entire data set. 
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(A) 
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Figure B.3. (A) Mean lake total nitrogen (TN) and mean stream TN concentrations over the 
study duration. (B) Mean lake total dissolved phosphorus (TDP) and mean stream TDP 
concentrations over the study duration. 
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APPENDIX C: SUPPLEMENTARY MATERIAL FOR CHAPTER 4 
 
Table C.1. List of environmental vectors fitted onto the NMDS ordination spaces of bacterial 
community composition and microbial function. 
 
Watershed and lake features Lake chemistry 
% Alder cover NOx conc 
Salmon NH4 conc 
# salmon/lake volume DON conc 
Salmon # from prev. year TN conc 
Watershed area TDP conc 
Watershed slope TP conc 
Catchment area/lake volume DOC conc 
Watershed drainage density Chl-a conc 
Lake volume  
Lake length 
Lake perimeter 
Lake depth 
Lake length/depth 
Estimated watershed discharge 
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Table C.2. Structure of regression models run on data from microbial responses to nutrient 
treatments in both seasons. 
 
Season Structure of regression model 
Spring AWCD values from +N treatment ~ TDP concentrations + Chl a concentrations 
+ relative catchment area + TDP concentrations*Chl a concentrations + TDP 
concentrations*relative catchment area 
AWCD values from +P treatment ~ TDP concentrations + Chl a concentrations 
+ relative catchment area + TDP concentrations*Chl a concentrations + TDP 
concentrations*relative catchment area 
AWCD values from +N+P treatment ~ TDP concentrations + Chl a 
concentrations + relative catchment area + TDP concentrations*Chl a 
concentrations + TDP concentrations*relative catchment area 
Summer AWCD values from +N treatment ~ Lake surface area + Chl a concentrations 
AWCD values from +P treatment ~ Lake surface area + Chl a concentrations 
AWCD values from +N+P treatment ~ Lake surface area + Chl a concentrations 
 
